
 
 

UNIVERSITÀ DEGLI STUDI DI NAPOLI FEDERICO II 

 

DEPARTMENT OF CIVIL, BUILDING AND ENVIRONMENTAL 

ENGINEERING 

 

Ph.D. Course in CIVIL SYSTEMS ENGINEERING  

XXXVI cycle 

 

Modeling and experimental investigations in a single-stage biofilm 

reactor for the simultaneous nitrogen and carbon removal from 

urban wastewater  

SSD: ICAR/03 

Course Coordinator:      Ph.D. Student: 

Prof. Andrea Papola       Anna Lanzetta 

 

Supervisors: 

Prof. Stefano Papirio 

Prof. Giovanni Esposito 

Prof. Francesco Di Capua  



1 
 

ABSTRACT  

Industrial, economic, urban, and social growth in recent decades has inevitably led to 

an increase in the production of nutrient-rich wastewater, particularly nitrogen (N) and 

phosphorus (P), which are responsible for environmental pollution phenomena such as 

eutrophication. This leads to serious cases of deterioration in the quality of rivers, 

lakes, and seas. The removal of N and P in wastewater treatment plants is, therefore, a 

key issue on which research efforts have been based in recent years to identify new 

technologies that can improve purification processes while optimizing energy 

efficiency. In this context, simultaneous nitrification and denitrification (SND), which 

involves the simultaneous implementation of aerobic nitrification and anoxic 

denitrification processes within a single treatment unit operating under identical 

conditions, offers several advantages including a reduced plant footprint, reduced 

capital and operating costs, minimized carbon and sludge generation, and reduced 

energy requirements for aeration.  

From this perspective, this doctoral thesis aims to demonstrates the importance of 

mathematical modeling as a tool to improve the comprehension of treatment processes. 

Specifically, using the BioWin software it was possible to predict the experimental 

results collected during two different experimental campaigns aimed at investigating 

SND and shortcut SND in moving bed biofilm reactors (MBBRs). The calibrated and 

validated models satisfactorily reproduced the experimental data for all experimental 

campaigns and within specific acceptance criteria, resulting in a suitable tool for 

predicting the process efficiency. Moreover, calibrated and validated data were used 

to test different dissolved oxygen (DO) ranges (0.6–0.8 mg O2·L
−1), pH (6.5–9.0), and 
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hydraulic retention times (HRTs) (0.5–1.0 d) to improve shortcut SND. Based on the 

different simulated scenarios, the intermittent DO conditions can induce and maintain 

the inhibition of the nitrite-oxidizing bacteria with an average N-NO3
− concentration 

of 0.05 mg N·L−1, while an HRT of 0.9 d resulted in average effluent N-NH4
+, N-NO3

− 

and N-NO2
− concentrations of 4.0, 0.02 and 0.07 mg·L−1, respectively, indicating an 

efficient shortcut SND process.  

Subsequently, (micro)aerobic carbon (C) and N removal from synthetic urban 

wastewater was experimentally investigated in a continuous double-column upflow 

aerobic granular sludge blanket (UAGSB) system under different DO ranges (0.01–

6.00 mg∙L−1), feed C/N ratios (4.7–13.6), and HRTs (6–24 h). At a DO range of 0.01–

0.30 mg∙L−1, feed C/N ratio of 13.6, and HRT of 24 h, the UAGSB achieved the highest 

chemical oxygen demand (COD), N-NH4
+, and total inorganic nitrogen (TIN) removal 

efficiencies of 86, 99, and 84 %, respectively. A preliminary assessment of the energy 

and economic savings associated with the biological process was also carried out. The 

impact of capital and operating costs mainly related to the energy consumption of the 

aeration was taken into account. The assessment reveals that the capital and energy 

expenses of the UAGSB reactor would result in cost savings of around 14 and 7 %, 

respectively, compared with a modified-Ludzack–Ettinger (MLE) system. On the 

other hand, increased levels of N-NO3
- and N-NH4

+ were detected in the effluent when 

the C/N ratio was reduced to 4.7-8.0 and the HRT was reduced to 6 hours. 

This observation implies the need for post-treatment measures to reduce the residual 

concentrations under specific influent conditions. For this purpose, a duplicated two-

chamber flow-through bioelectrochemical system (BES) was implemented for the 



3 
 

removal of residual N. The results indicated that a complete removal of N-NO3
- and 

N-NO2
- was achieved by the BES at an HRT of 2 h after 6 days of biomass 

acclimatization. Furthermore, the study showed that, although heterotrophic 

denitrification was predominant, the use of electron donors deriving from the 

electrodes kept the concentrations of N-NO3
- and N-NO2

- consistently below the 

Italian standard (D. Lgs. 152/2006, Annex V, Part III) for the discharge of industrial 

effluents into the sewer system. Therefore, integrating autotrophic and heterotrophic 

denitrification within the same system could ensure consistently high removal 

efficiencies, considering the significant variability in feed organic concentrations. 

Furthermore, in terms of energy consumption, a specific energy consumption rate of 

2.3·10-2 and 9.6·10-5 kWh·g NOxremoved
-1 underpins the effectiveness of the BESs. 

This study demonstrates how the integration of biofilm reactors with mathematical 

modeling can have a significant impact on scientific investigations into the removal of 

C, N, and P from wastewater promoting the advancement of sustainable treatment 

technologies. 
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The expected growth of the urban population in the coming years will lead to an 

increase in the demand for water supply in urban areas and, consequently, to an 

increase in the volume of wastewater produced. The global wastewater production is 

projected to increase by 24% by 2030, followed by a more significant 51% increase 

by 2050 [1]. Municipal wastewater, which is rich in nitrogen (N) and phosphorus (P) 

compounds, may significantly contribute to intensifying the eutrophication process in 

surface waters if not adequately treated [2].  

Eutrophication consists of an overgrowth of algae and aquatic plants, disrupting the 

natural balance of aquatic ecosystems. Specifically, several environmental factors 

have been identified as the main drivers of algal growth. These include water 

temperature, pH, dissolved oxygen (DO), N, P, and light intensity [3,4]. High nutrient 

levels create favorable conditions for rapid plant growth, which gradually results in a) 

reduction in light penetration into the water column, b) oxygen depletion in the aquatic 

environment, c) reduction in species diversity and harvestable fish biomass, d) 

reduction in the aesthetic perception of the water body and e) toxic emissions [5,6]. 

Urban and industrial wastewater discharges and climate change are significantly 

increasing N deposition and thereby altering the fluxes of reactive N to aquatic 

ecosystems [7]. In fact, the global rate of increase of reactive N from human activities 

has increased from 140 Tg N·year-1 in 1990 to 240 Tg N·year-1  in 2020, almost 

doubling the annual amount of N fixed in terrestrial ecosystems [8]. In addition, in the 

20th century, the worldwide discharge of urban wastewater into surface waters surged 

by approximately 3.5-fold, reaching 7.7 Tg·year-1 for N and about 4.5-fold, reaching 

1.0 Tg·year-1 for P [9]. However, anthropogenic activities also include the prolonged 
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use of N- and P-based chemical fertilizers, leading to nutrient leaching, surface and 

groundwater contamination, and aquatic biodiversity depletion [10].  

Biological processes in wastewater treatment plants (WWTPs) are commonly 

conducted using conventional activated sludge (CAS) systems for organic matter 

removal and the modified Ludzack-Ettinger (MLE) process for combined carbon (C) 

and N removal through the nitrification and denitrification stages. Nitrification 

involves two sequential biological oxidation steps to convert ammonia (NH4
+) into 

nitrate (NO3
-). In the initial step, ammonia-oxidizing bacteria (AOB) oxidize NH4

+ to 

nitrite (NO2
-), catalyzed by ammonia monooxygenase (AMO) and hydroxylamine 

oxidoreductase (HAO), with the formation of hydroxylamine (NH2OH) as an 

intermediate product [11]. During the subsequent stage, the oxidation of NO2
- to NO3

- 

occurs through the activity of nitrite-oxidizing bacteria (NOB) [12]. AOB and NOB 

use NH4
+ and NO2

- as energy sources, respectively, carbon dioxide (CO2) as a carbon 

source and molecular oxygen (O2) as an electron donor [13]. Denitrification is 

characterized by the stepwise reduction of NO3
- to gaseous dinitrogen (N2) under 

strictly anoxic conditions, with the intermediate formation of gaseous compounds such 

as nitric oxide (NO) and nitrous oxide (N2O) [14]. Nevertheless, this method leads to 

energy-intensive aeration [15], elevated construction and operational expenses, a 

considerable footprint, and increased sludge generation [16].  

P is mainly removed using techniques such as adsorption, chemical precipitation, or 

biological methods [17,18]. Adsorption is a physical-chemical process to retain 

phosphorus from wastewater using effective adsorptive media, such as natural, 

industrial waste, or man-made products [19,20]. This method is rarely used in WWTPs 
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due to the limited absorption capacity and high costs [20,21]. Chemical precipitation 

can be applied at several stages of wastewater treatment and is a very flexible approach 

to P removal [22], although requiring a higher chemical consumption and leading to 

increased sludge production [23]. Enhanced biological P removal (EPBR) with CAS 

is a cost-effective and environmentally sustainable alternative to chemical treatment 

[20,24]. EBPR achieves P removal by cycling anaerobic-aerobic metabolisms of 

polyphosphate-accumulating organisms (PAOs) [25]. During the anaerobic phase, 

PAOs hydrolyze polyphosphate (poly-P) and release P, as orthophosphate, into the 

wastewater [26]. The energy generated from the process is used to absorb the easily 

degradable low molecular weight volatile fatty acids (VFAs) into the cell to synthesize 

polyhydroxyalkanoic acids (PHAs) [26]. In the subsequent aerobic phase, PAOs 

uptake orthophosphates to recover the intracellular poly-P level by oxidizing the stored 

PHA, resulting in P removal [27].  

Notwithstanding, conventional treatment methods for the removal of N and P from 

wastewater have several limitations. Specifically, the removal process becomes 

economically impractical for small WWPTs, and separate unit operations or improved 

designs are required to facilitate the N and P removal. Additionally, pathogens, heavy 

metals, and organic pollutants in wastewater tend to accumulate in the sludge, 

requiring safe disposal [28,29]. Furthermore, although WWTPs are designed to meet 

specific removal requirements, optimizing energy efficiency is undoubtedly a critical 

issue for management companies [30]. Total electricity consumption in municipal 

WWTPs is about 1% of a country's total annual electricity consumption [31]. In 

particular, the main contributors to energy consumption in a conventional WWTP are 
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mixed liquor aeration (55-70%), primary and secondary settling with sludge pumping 

(15.6%), and sludge dewatering (7%) [30].  

In recent years, therefore, a lot of emphasis has been placed on introducing new 

technologies to improve the energy efficiency and effluent quality of WWTPs. These 

technologies include partial nitritation-anammox (PN/A) [32–35], microalgal-

bacterial wastewater treatment systems [36–40], simultaneous nitrification 

denitrification and P removal (SNDPR) [41,42] and shortcut SNDPR [43,44]. The aim 

is not only to minimize nutrient discharge into the environment but also to explore 

treatment technologies that are both energy-efficient and cost-effective. 

Therefore, the main objectives of this doctoral thesis were as follows: 

a) to enhance understanding of the simultaneous C, N, and P removal via 

(shortcut) simultaneous nitrification-denitrification (SND) in a moving bed 

biofilm reactor (MBBRs) through a modeling approach; 

b) study of a compact and cost-effective treatment solution for the simultaneous 

removal of C, N, and P in a continuous aerobic granular sludge (AGS) reactor;  

c) investigating a post-treatment solution to improve NO3
- removal from AGS 

reactor using a bioelectrochemical system (BES). 

This Ph.D. thesis is composed of five chapters, including a preliminary bibliographical 

study, three research chapters, and a final section with a summary of observations and 

perspectives for the future. The structure of this thesis is given below: 

Chapter 1 provides a comprehensive overview of recent literature studies concerning 

the simultaneous C, N, and P in biofilm systems employing both experimental and 

modeling approaches. 
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Chapter 2 presents the modeling and optimization of SND and shortcut (partial) SND 

process coupled to P removal in MBBRs based on data collected during two different 

experimental campaigns.  

Chapter 3 investigates the simultaneous C and N removal in a continuous-double-

column-upflow aerobic granular sludge blanket (UAGSB) system operated under 

different DO ranges (0.01–6.00 mg·L−1), feed C/N ratios (4.7–13.6), and hydraulic 

retention times (HRTs) (6–24 h). 

Chapter 4 explores the possibility of using a bioelectrochemical system (BES) as a 

potential integrated treatment to the continuous UAGSB to improve NO3
-  removal.  

Chapter 5 discusses the main findings of this doctoral study and provides 

recommendations for future research.   
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CHAPTER 1  
Recent advances in the simultaneous nitrification and 

denitrification (SND) process and shortcut SND in 

biofilm reactors  



20 
 

1.1 Biological nitrogen removal: from conventional nitrification-

denitrification to more recent technologies  

The N removal pathway from wastewater consists of the nitrification and 

denitrification processes (Fig. 1). The nitrification process involves the complete 

oxidation of ammonia (NH4
+) to nitrate (NO3

-) under aerobic conditions carried out by 

chemolithoautotrophic microorganisms. This oxidation occurs in two consecutive 

steps involving two different classes of autotrophic bacteria that use NH4
+ and NO3

- as 

a source of energy, oxygen as an electron acceptor, and a carbon source for synthesis. 

In the first step of biological nitritation, ammonia-oxidizing bacteria (AOB) oxidize 

NH4
+ to nitrite (NO2

-) by consuming 1.5 mol of O2. NH4
+ is first oxidized to 

hydroxylamine (NH2OH) by the enzyme ammonia monooxygenase (AMO). Next, 

NH2OH is oxidized to NO2
- by hydroxylamine oxidoreductase (HAO) [45]. In the 

nitratation step carried out by nitrite-oxidizing bacteria (NOB), the NO2
- produced 

during nitritation is rapidly converted to NO3
- through the catalysis of the enzyme 

nitrite oxidoreductase (NXR) with the consumption of 0.5 mol of O2 [46,47]. 

Ammonium oxidation is mainly performed by Nitrosomonas and other genera such as 

Nitrosococcus, Nitrospira, and Nitrosovibrio. In contrast, the oxidation of NO2
- 

involves bacterial genera such as Nitrobacter, Nitrospira, Nitrospina, Nitrococcus, and 

Nitrocystis [12]. 

Biological denitrification is performed by denitrifying bacteria (DNB) using NO3
- as 

a terminal electron acceptor and organic, inorganic, or both substances as electron 

donors in heterotrophic, autotrophic, and mixotrophic denitrification, respectively, and 

as energy to maintain microbial growth [48]. Specifically, DNB catalyze the sequential 
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reduction of NO3
- to NO2

-, nitric oxide (NO), nitrous oxide (N2O), and dinitrogen (N2) 

using enzymes such as nitrate reductase (Nar), nitrite reductase (Nir), nitric oxide 

reductase (Nor), and nitrous oxide reductase (Nos) [46,49]. Heterotrophic DNBs 

require an organic carbon source as an electron donor for their rapid growth, using 

NO3
- as an electron acceptor. In contrast, autotrophic DNBs use inorganic carbon 

(carbon dioxide (CO2) and bicarbonate (HCO3
-)) as carbon sources and inorganic 

materials such as H2, reduced sulfur, and Fe2+ as electron donors [50,51]. In wastewater 

treatment, the majority of autotrophic denitrifiers belong to Thiobacillus sp. while 

heterotrophic denitrifiers are mainly represented by Pseudomonas and Bacillus 

[50,52]. Both nitrification and denitrification contribute to the release of N2O and NO, 

contributing to global warming [45,49]. Particularly, during nitrification, N2O is 

produced as a by-product of the oxidation of NH4
+, resulting from the chemical 

decomposition of NH4
+ to NO2

-, or NH2OH to NO2
- [53–55]. In contrast to 

nitrification, N2O is a direct intermediate product of the denitrification process [56]. 

In addition to the generation of greenhouse gases, substantial amounts of feed organic 

carbon and high aeration energy are necessary for effective N-removal treatment, 

leading to elevated operating costs [57–59]. Recent progress in wastewater treatment 

emphasizes the development of advanced, highly efficient processes and technologies 

for C, N, and P removal, including partial nitritation-anammox (PN/A) [32–35], 

microalgal-bacterial wastewater treatment systems [36–40], simultaneous nitrification 

denitrification and P removal (SNDPR) [41,42] and shortcut SNDPR [43,44].  

The anammox process involves the oxidation of NH4
+ coupled with the reduction of 

NO2
- to N2 by autotrophic anaerobic ammonium oxidizing bacteria (AAO) [60]. While 
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the PN/A process offers significant benefits, such as a 60% reduction in aeration 

energy, a 90% reduction in sludge production, and minimal reliance on organic carbon, 

a major hurdle is long-term NOB inhibition [32,61]. This challenge makes the 

maintenance of optimal N removal efficiencies over time difficult to achieve [34,57]. 

The treatment of wastewater through the interaction of microalgae and bacteria 

represents a compelling alternative due to its significant potential to achieve carbon 

neutrality, its advanced treatment capabilities, and the production of bio-energy 

[39,62]. Bacteria benefit from the O2 released during algal photosynthesis, and algae 

in turn absorb the CO2 produced by bacteria. This dynamic promotes a symbiotic 

relationship between the two organisms that is mutually beneficial to both. However, 

the most significant constraint on this technology is the lengthy startup and the 

influence of climatic variables such as low solar irradiance and temperature [63–65]. 

 

Figure 1. Overview of the main biological processes in the nitrogen cycle. AOB, ammonium-

oxidising bacteria; NOB, nitrite-oxidising bacteria; DNB, denitrifying bacteria; Amo, 
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ammonia monooxygenase; Hao, hydroxylamine oxidoreductase Nxr, nitrite oxidoreductase; 

NaR, nitrate reductase; NiR, nitrite reductase; NoR, nitric oxide reductase; NoS, nitrous oxide 

reductase.  

 

1.2 Simultaneous nitrification and denitrification process  

The SND process refers to the simultaneous execution of the aerobic nitrification and 

anoxic denitrification processes under the same operating conditions within a single 

treatment unit [66]. The process offers several advantages, including a smaller plant 

footprint [67], lower capital and operating costs, reduced carbon requirements and 

sludge production [68], and lower energy requirements for the aeration process [69]. 

Up to now, the SND process has been investigated in different bioreactor 

configurations, such as the sequencing batch reactor (SBR) [70–72], moving bed SBR 

(MBSBR) [73,74], microalgae-bacteria SBR [75,76], sequencing batch biofilm reactor 

(SBBR) [77–81], moving bed biofilm reactor (MBBR) [21,82–85], bioelectrochemical 

systems (BESs) [86–90], and aerobic granular sludge (AGS) system [42,91–93]. 

In general, biofilm-based systems foster the co-occurrence of diverse microbial 

communities, also enabling a higher concentration of active biomass. This approach 

also minimizes space requirements and reduces sludge production in comparison to 

suspended-floc systems like the conventional activated sludge (CAS) and modified 

Ludzack–Ettinger (MLE) [94]. The SND process could be coupled with P removal 

(SNDPR), providing an efficient process for biological nutrient removal from 

wastewater with a lower carbon demand and DO consumption than the conventional 

biological phosphorus removal [68,95]. 
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Recent studies have also focused on the short-cut SND pathway, which involves 

nitritation and denitritation processes. Specifically, the short-cut SND process can 

significantly improve N and P removal efficiency, especially when the influent carbon 

source is insufficient [96]. Table 1.1 shows a comparative analysis of the SND 

performance of different bioreactors under various operating conditions.   
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Table 1.1. A comparative investigation of simultaneous nitrification and denitrification (SND) removal efficiencies (REs) in different bioreactor configurations 

and operating conditions. Sequencing batch reactors (SBRs), aerobic granular sludge SBR (AGS-SBR), moving bed SBR (MBSBR), membrane bioreactors 

(MBRs), microalgae-bacteria SBR, sequencing batch biofilm reactors (SBBRs), hybrid SBBRs, electrolysis-SBBR, moving bed biofilm reactors (MBBRs), 

intermittent aeration MBBRs, anaerobic/intermittently-aerated MBBR, integrated fixed film activated sludge (IFAS), bioelectrochemical systems (BESs), 

biological aerated filter (BAF) and biological folded non-aerated filter (BFNAF).  

Urban wastewater characteristics Reactor 

configuration 

Process conditions Scale N-NH4
+ RE 

% 

COD RE 

% 

TN RE 

% 

TP RE 

% 

References 

Real COD = 360-520 mg·L-1 SBR HRT = 6-24 h Lab-scale 

V= 3.3 L 

 

97-99 33-98 / 10-100  

(as P-PO4
3-) 

[70] 

Synthetic COD=120-660 mg·L-1 
N-NH4

+=40 mg·L-1 

P-PO4
3-=5 mg·L-1 

 

SBR C/N = 3-16.5 Lab-scale 
V= 2 L 

90-99 85-95 45-98 10-99  
(as P-PO4

3-) 
[71] 

Real and 
synthetic 

 

/ SBR T=10 °C Lab-scale 
V=18 L 

/ 90-98 91 92 [72] 

Synthetic  N-NH4
+= 40 mg·L-1 

P-PO4
3-= 4 mg·L-1 

 

SBR DO=1.0-4.0 mg·L-1 Lab-scale 

V=3.2 L 

95 / 35-62 / [93] 

Synthetic  COD= 250-260 mg·L-1 

N-NH4
+= 39-41 mg·L-1 

 

SBR DO=0.4-1.2 mg·L-1 

 

Lab-scale 

V= 25 L 

/ 63-72 63-72 / [16] 

Synthetic  COD= 200-300 mg·L-1 

N-NH4
+= 20-24 mg·L-1 

TP = 3-4 mg·L-1 

 

SBR Aeration time= 

60,75,90 min 

Lab-scale 

V= 2.2 L 

95-99 90-91 66-71 (as 

TIN) 

97 [97] 

Synthetic COD= 241 mg·L-1 

N-NH4
+= 43 mg·L-1 

TP = 4.6 mg·L-1 

 

SBR C/N= 7-11 Lab-scale 

V= 2.3 L 

46-85 77-91 / 27-94 [98] 
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Urban wastewater characteristics Reactor 

configuration 

Process conditions Scale N-NH4
+ RE 

% 

COD RE 

% 

TN RE 

% 

TP RE 

% 

References 

Synthetic COD= 200-350 mg·L-1 

N-NH4
+= 250-330 mg·L-1 

 

AGS  / Lab-scale 

V=3 L 

98 / / / [42] 

Synthetic  COD= 331-582 mg·L-1 

TN= 33-44 mg·L-1 

TP = 3.3-5.4 mg·L-1 
 

AGS DO=0.5-6.0 mg·L-1 Lab-scale 

V=13 L 

/ / 13-65 / [92] 

Synthetic  COD= 200-1000 mg·L-1 

TN= 10-50 mg·L-1 

TP = 2-10 mg·L-1 
 

AGS Intermittent aeration  Lab-scale 

V=4.3 L 

99-100 75-90 80-98 / [99] 

Synthetic  COD= 400 mg·L-1 

TN= 20-80 mg·L-1 

TP = 10 mg·L-1 

 

AGS DO=4.0-5.0 mg·L-1 

C/N= 5-20 

Lab-scale 

V=7 L 

84-98 96-97 74-89 85-88 [100] 

Synthetic  COD= 200 mg·L-1 

TN= 10-40 mg·L-1 

TP = 4 mg·L-1 
 

AGS C/N= 5-20 Lab-scale 

V=3.6 L 

99 88-92 / 92 [101] 

Synthetic COD=300-1000 mg·L-1 

 

MBSBR HRT=1.5-3.5 h Pilot-scale 

V=30 L 

/ 86-95 73-99 48-72 [73] 

Synthetic COD= 295-312 mg·L-1 

N-NH4
+=27-60 mg·L-1 

TN=27-31 mg·L-1 

 

MBSBR DO=1.5-5.5 mg·L-1 

pH=6.5-8.5 

HRT=6-12 h 

Lab-scale 
V=6.5 L 

25-98 92 40-80 / [102] 

Synthetic  COD= 536-591 mg·L-1 
N-NH4

+= 19-31 mg·L-1 

TP = 4.6-6.7 mg·L-1 

 

MBR DO=0.5-3.0 mg·L-1 

 
Lab-scale 
V= 2.7 L 

60-100 / 70-91 / [103] 

Synthetic COD= 157 mg·L-1 

N-NH4
+=26 mg·L-1 

TN=26 mg·L-1 

TP=2.9 mg·L-1 

 

Microalgae-
bacteria  

 

SBR 

DO=3.2 mg·L-1 

HRT=8 h 

Light-intensity = 200 

µmol·m-2 

Lab-scale 
V=2.8 L 

97 / 67 / [75] 
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Urban wastewater characteristics Reactor 

configuration 

Process conditions Scale N-NH4
+ RE 

% 

COD RE 

% 

TN RE 

% 

TP RE 

% 

References 

Synthetic COD= 150-250 mg·L-1 

N-NH4
+=24-30 mg·L-1 

TN=22-29 mg·L-1 

 

SBBR DO=3-4 mg·L-1 

T=15-35 °C 

Lab-scale 

V=16 L 

/ / 56-92 / [77] 

Synthetic TOC= 126 mg·L-1 

N-NH4
+=38 mg·L-1 

TN=39 mg·L-1 

TP=9 mg·L-1 

 

SBBR DO=2.2-5.5 mg·L-1 

Salinity=0-9 g·L-1 

Lab-scale 

V=9 L 

95-99 46-69 / / [78] 

Synthetic  COD=230 mg·L-1 
N-NH4

+=13-40 mg·L-1 

P-PO4
3-=27 mg·L-1 

 

SBBR DO=5.4-6.8 mg·L-1 

 
Lab-scale 
V=20 L 

72-94 / / 98  
(as P-PO4

3-) 
[79] 

Synthetic COD*=525 mg·L-1 

N-NH4
+*=107 mg·L-1 

P-PO4
3-*=2 mg·L-1 

 

Hybrid-SBBR Salinity = 1-3 % Lab-scale 

V=13.3 L 

38-90 96-100 84 / [80] 

Synthetic COD=400 mg·L-1 
N-NH4

+=40 mg·L-1 
 

 

Hybrid-SBBR Salinity = 0-2.4 % Lab-scale 
V=7 L 

/ 87-92 74-83 / [104] 

Synthetic COD=48-118 mg·L-1 
N-NH4

+=32 mg·L-1 

P-PO4
3-=5 mg·L-1 

 

Electrolysis-
SBBR 

C/N = 1.5-3.5 Lab-scale 
V=5 L 

99 74-83 70-84 98 [81] 

Real  COD= 98-280 mg·L-1 

N-NH4
+=30-70 mg·L-1 

 

MBBR DO=0.6-0.8 mg·L-1 

C/N= 1.4-5 
Lab-scale 
V=12.6 L 

79-92 / 44-72 / [105] 

Synthetic COD=222 mg·L-1 

N-NH4
+=16 mg·L-1 

P-PO4
3-=15 mg·L-1 

 

MBBR Carrier filling ratio= 

20-60 % 
HRT=4-8 h 

Lab-scale 

V=2.5 L 

56-89 65-82 / 18-42  

Synthetic  TOC=110-120 mg·L-1 

N-NH4
+=28-33 mg·L-1 

TP=2.7-3.5 mg·L-1 

 

MBBR DO=5.0-6.5 mg·L-1 

 

Lab-scale 

V=12 L 

/ / 75-84 / [106] 
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Urban wastewater characteristics Reactor 

configuration 

Process conditions Scale N-NH4
+ RE 

% 

COD RE 

% 

TN RE 

% 

TP RE 

% 

References 

Synthetic COD=231-509 mg·L-1 

N-NH4
+=31-63 mg·L-1 

P-PO4
3-=14 mg·L-1 

 

MBBR DO=1.0 mg·L-1 

HRT=1-2 d 
C/N = 2.7-5.6 

Lab-scale 

V=2.2 L 

/ 80-100 32-68 66-72 [82] 

Synthetic  COD=40-400 mg·L-1 

N-NH4
+=20 mg·L-1 

P-PO4
3-=6.8 mg·L-1 

 

MBBR DO=0.8-3.5 mg·L-1 

HRT=40 h 
C/N = 2-20 

Lab-scale 

V=1.5 L 

98-100 90-95 79-95 55-67 [107] 

Synthetic DOC= mg·L-1 

N-NH4
+= mg·L-1 

P-PO4
3-= mg·L-1 

 

Intermittent 

aeration MBBR 

DO=0.2-4 mg·L-1 

HRT=1 d 
C/N = 2.8-4.2 

Lab-scale 

V=2.0 L 

/ 100 (as DOC) 40-82 (as 

TIN) 

16-81 [21] 

Synthetic DOC= 90-136 mg·L-1 

N-NH4
+= 24-48 mg·L-1 

P-PO4
3-= 4-10 mg·L-1 

 

Intermittent 

aeration MBBR 

DO=0.2-3 mg·L-1 

HRT=1 d 

C/N = 1.4-3.5 

Lab-scale 

V=1.5 L 

68-100 100 (as DOC) 69-88 62-95 

(as P-PO4
3-) 

[83] 

Synthetic COD= 103-132 mg·L-1 

N-NH4
+= 29-33 mg·L-1 

 

Anaerobic/inter

mittently-
aerated MBBR 

DO=0.1-6 mg·L-1 

C/N = 3-5 

Lab-scale 

V=5 L 

/ 90 51-90 20-74 [84] 

Synthetic COD= 1000 mg·L-1 

N-NH4
+= 50 mg·L-1 

 

MBBR OLR=0.45-0.95 kg 

COD·m-3·d-1 

 

Lab-scale 

V=7.5 L 

93-100 82-98 / / [85] 

Synthetic COD= 350 mg·L-1 

N-NH4
+= 35 mg·L-1 

P-PO4
3-= 10 mg·L-1 

 

MBBR DO=1.0-5.0 mg·L-1 

 

Lab-scale 

V= 1.8 L 

49-94 88 41-68 / [108] 

Synthetic COD= 300 mg·L-1 

TN= 55 mg·L-1 

TP = 5 mg·L-1 

 

IFAS DO=0.5-4.5 mg·L-1 Lab-scale 

V= 5 L 

91-95 81-96 83 / [109] 

Synthetic N-NH4
+= 600 mg·L-1 

 

BES Applied voltage= 1.2-

1.8 V 

Lab-scale 

V=400 mL 

21-48 / 20-45 / [110] 

Synthetic COD= 1500-2000 mg·L-1 

N-NH4
+= 100 mg·L-1 

 

BES DO=0.6-1.2 mg·L-1 Lab-scale 

V=1 L 

38-65 98 50-71 / [87] 
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Urban wastewater characteristics Reactor 

configuration 

Process conditions Scale N-NH4
+ RE 

% 

COD RE 

% 

TN RE 

% 

TP RE 

% 

References 

Synthetic COD= 192-303 mg·L-1 

N-NH4
+= 51-53 mg·L-1 

 

BES DO=0.5-4.0 mg·L-1 Lab-scale 

V=951 mL 

90-99 80-90 44-84 / [89] 

Synthetic COD= 0-293 mg·L-1 

N-NH4
+= 65 mg·L-1 

 

BES COD/N=0-4.5  Lab-scale 

V=2.8 L 

/ 93-98 30-84 / [90] 

Synthetic COD= 2000 mg·L-1 

N-NO3
-= 200-375 mg·L-1 

 

BES C/N = 2-3.75 Lab-scale 

V= 3 L 

65-90 (as N-

NO3
-) 

60-76 / / [111] 

Synthetic  N-NH4
+= 600 mg·L-1 

 
BES Voltage = 1.2-1.8 V Lab-scale 

V=400 mL 

 

45-48 / / / [110] 

Real  COD= 271 mg·L-1 

TN= 42 mg·L-1 

 

BAF DO=0.5-2.0 mg·L-1 

HRT=8-20 h 

Lab-scale 

V= 3.5 L 

/ 71-90 47-72 / [69] 

Synthetic COD= 121-182 mg·L-1 

N-NH4
+= 31-46 mg·L-1 

 

BFNAF HRT=8-12 h 

C/N = 4-10 

Lab-scale 

V= 40 L 

27-92 42-79 11-66 / [112] 

*Stoichiometrically calculated. 
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1.3 Main factors influencing the SND and SNDPR process 

SND and SNDPR removal efficiencies depend on several factors such as temperature, 

pH, DO, feed carbon-to-nitrogen (C/N) ratio, source of organic carbon, hydraulic 

retention time (HRT), electron acceptor used to sustain the denitrifying phosphorus-

accumulating organisms (DPAO) and salinity [57,113].  

• Temperature  

Temperature is a key factor in the nitrification and denitrification process as it alters the 

metabolic activity of the microbial community and the rate of biological reactions [49,57]. 

Overall, the specific growth rates of AOB and NOB undergo significant changes 

depending on the temperature. At relatively higher temperatures (>25 °C), AOBs tend to 

compete with NOBs due to their higher specific growth rate [114], whereas NOBs prevail 

over AOBs at temperatures below 15 °C [115]. On the other hand, high temperatures 

(>20°C) can lead to a deterioration of the P-removal performance. This can reduce the 

population and substrate affinity of PAOs in the biomass [116]. 

Zhang et al. [77] evaluated the effects of different temperatures (15, 21, 26, 31, and 35 

°C) on the TN removal rate and nitrite accumulation in the short-cut SND process using 

an SBBR. The highest TN removal of 91.9% was at 31 °C with DO in the range of 3-4 

mg·L-1 [77]. According to other studies [117], the NH4
+ oxidation rate exhibits a positive 

correlation with temperature within the 15-31 °C range. Additionally, the composition of 

the bacterial community can vary with increasing temperature [118]. Biological N 

removal is difficult at low temperatures because microbial activity is considerably 

reduced, resulting in decreasing nitrification and denitrification rates. Nonetheless, high 

N and P removal efficiencies can also be achieved at a temperature of 10 °C, as reported 

by Li et al. [119] and Bai et al. [72]. Despite this, lower temperatures can lead to increased 
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emissions of NO and N2O during denitrification due to a general enzymatic slowdown or 

disruption of the pathway [49].  

• pH  

Conventional biological N removal is known to be sensitive to pH changes. It is generally 

accepted that nitrification by AOB and NOB is optimal under slightly alkaline conditions. 

In contrast, anaerobic denitrifiers thrive in slightly acidic environments. Wang et al. [102] 

investigated the effect of different pH values (6.5, 7.0, 7.5, 8.0, and 8.5) on the 

performance of SND in a MBSBR. The research shows that while COD removal was 

optimal at all pH values, NH4
+ removal has peaked at 94% at pH 8 [102]. Generally, 

maintaining a pH between 7.5 and 8.5 is beneficial for NO2
- accumulation [120].  

• DO concentration 

DO concentration plays a crucial role in influencing SND as it serves as the electron 

acceptor in nitrification reactions [121]. Conventionally, SNDPR may be obtained at low 

DO concentrations (0.05 - 2 mg·L-1) [57]. The occurrence of anoxic microenvironments 

within sludge flakes or biofilms is attributed to DO concentration gradients caused by 

limited DO diffusion. This creates a scenario where heterotrophic DNB dominate the 

biofilm interior while nitrifiers remain active on the biofilm surface, providing a favorable 

environment for SND [122]. Specifically, the nitrification rate increases with increasing 

DO concentrations but remains stable as the biofilm thickness increases. However, high 

DO concentrations can significantly inhibit the development of the denitrification 

capacity of a biofilm, but this effect is strongly reduced once a certain biofilm thickness 

is exceeded [123]. Therefore, for both nitrification and denitrification, an intermediate 

DO level must be found [124]. Recently, the effect of DO concentration on the 

performance and mechanism of SND in the integrated fixed-film activated sludge (IFAS) 
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system was investigated by Jin et al. [109], showing that the highest SND efficiency (88.5 

%) was achieved at a DO concentration of 0.5 mg·L-1. Additionally, a DO concentration 

of 4.5 mg·L-1 was reported to significantly inhibit the denitrification process, confirming 

that DO strongly affects biomass and microbial activity [109]. Zhang et al. [125] 

evaluated the N and P removal in a plant-scale multistage-activated sludge-membrane 

bioreactor system at different DO concentrations (0.6-4.0 mg·L-1), reporting that reducing 

DO levels (0.6-0.7 mg·L-1) improved N removal efficiency from 82.4 to 94.3% [125], 

thus promoting SND. Moreover, the biodegradability of the effluent can be improved 

under oxygen-limited conditions, which favors the predominant growth of nitrifying and 

denitrifying bacteria in the SND process [126]. In contrast to continuous aeration, 

intermittent aeration (IA) proves to be cost and energy-effective as it establishes a 

sequence of continuous aerobic-anoxic-anaerobic phases within the reactor, which favors 

the SND process [58]. Ma et al. [97] investigated the effect of aeration time (90, 75, 60, 

45, and 30 min) on anaerobic/oxic/anoxic (AOA) SNDPR finding that moderate aeration 

time of 45-60 min is the most beneficial for N and P removal. Recent studies have shown 

that although Nitrobacter and Nitrosomonas are the main AOBs involved in the 

nitrification process, Nitrosomonas is the most abundant AOB species in SND systems 

due to its lower sensitivity under oxygen-limiting conditions [103,108,126]. Conversely, 

Nitrospira was typically the dominant NOB species in the SND process [108]. Since a 

high DO concentration is favorable for Nitrospira, this means that NO2
- can accumulate 

in the SND process under low DO conditions [124]. 

• Feed carbon-to-nitrogen ratio 

The C/N ratio in wastewater treatment is an important parameter that influences the 

growth and activities of microorganisms, consequently affecting N removal. Although 
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the optimal C/N ratio for N removal is approximately 8-12 [127], municipal wastewater 

generally has a low C/N ratio, which may lead to incomplete denitrification and high NO3
- 

levels in the effluent. [111,128,129]. The conventional approach is the addition of a 

carbon source (such as methanol, ethanol, glucose, or sodium acetate) to provide electron 

donors for denitrification [130]. Variations in the feed C/N ratio affect the kinetics of 

heterotrophic and autotrophic biomass. [131]. Iannacone et al. [82] assessed the SNDPR 

process in a continuous-flow microaerobic MBBR operated at different feed C/N ratios 

(2.7, 4.2, and 5.6). Stable TN removal was attained at a feed C/N ratio of 4.2, while a feed 

C/N ratio of 5.6 resulted in excessive growth of heterotrophic aerobic bacteria (HAB), 

suppressing nitrification [82]. On the contrary, insufficient organic carbon can lead to a 

decrease in denitrification efficiency, as reported by Chang et al. [112]. Furthermore, in 

a study conducted by Zhu et al. [132], it was observed that a C/N ratio of 5 increased the 

storage of PHA in the system, thus providing more energy for P uptake and allowing for 

high removal efficiencies of TN and TP, reaching 66% and 96%, respectively.  

• Source of organic carbon 

The selection of the proper carbon source strongly influences the efficiency of N and P 

removal during wastewater treatment. Although sodium acetate is the most widely used 

carbon source, much research has focused on finding alternative carbon sources. For 

instance, Hagman et al. [133] demonstrated that a mixture of methanol and acetate as a 

carbon source can enhance denitrification efficiency. Concerning P removal, the choice 

of carbon source significantly influences the presence of volatile fatty acids (VFAs), 

which in turn influence the presence of polyphosphate accumulating organisms (PAOs) 

and glycogen (GAOs) [134]. Shen et al. [135] tested acetate and propionate as carbon 

sources to evaluate P removal performance and microbial communities in two SBRs, 
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reporting that more stable P removal was observed with acetate as the sole carbon source. 

Conversely, He et al. [136] utilized a combination of sodium acetate and succinate as a 

mixed carbon source in the operation of the AGS-SNDPR system. The study reveals that 

sodium succinate is more favorable for biomass enrichment and sludge settleability in 

AGS compared to sodium acetate [136]. Additionally, different synthetic biodegradable 

polymers (BDPs) have been used as carbon sources, improving N removal efficiency 

[137]. Recent studies report the use of plant-based waste biodegradable materials as a 

natural carbon source to improve the feasibility of the SND process in the presence of 

low C/N ratio domestic wastewater due to its good biodegradability, low cost, and easy 

availability [69,98,138]. For instance, in a study by Chen et al. [98], acid-pretreated 

pistachio shells were utilized as carbon sources to assess the impact of carbon-source 

dosage on SNDPR, achieving high removal efficiencies for TN and TP of 84 and 94 %, 

respectively, after 25 d of reactors operation.  

•  Hydraulic retention time  

Hydraulic retention time (HRT) plays an important role in influencing microbial 

distribution and wastewater treatment performance. Chang et al. [112] evaluated the N 

removal via SND in a biological folded non-aerated filter at different HRTs (4, 8, and 12 

h). By increasing the HRT up to 10.83 h, higher NH4
+, COD, and TN removal efficiencies 

equal to 88.62 ± 0.81%, 76.12 ± 0.57%, and 50.48 ± 1.02%, respectively can be achieved. 

On the contrary, a lower HRT of 4 h does not promote the contact between the degradation 

of pollutants and the biofilm, leading to a deterioration of the nitrification performance 

[112], in agreement with other study [70,139].  

• Salinity 
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In biological wastewater treatment, elevated salinity can reduce cellular activity and 

induce cell plasmolysis, affect sludge floc structure and settling characteristics, and 

extracellular polymeric substances (EPS) production and composition [80]. However, the 

inhibitory effect can be overcome as a result of biomass adaptation [140]. As reported by 

Luo et al. [141] an increase in salinity has a significant impact on microbial species 

composition, flora richness, and dominant species. Similarly, Xia et al. [104] reported 

that, among AOBs, the presence of Nitrosomonas increased with increasing salinity, 

while among NOBs, Nitrospira showed significant sensitivity to salinity variation. In 

general, it was reported that AOBs are more salt-tolerant than NOBs [142].  

 

1.4 Short-cut SND 

Short-cut SND, also called simultaneous partial nitrification and denitrification (SPND) 

or SND via nitrite, consists of a direct coupling of nitritation and denitritation phase 

achieved by inhibiting the NOB activity and only promoting the growth of AOBs.  

Compared to the SND process, short-cut SND has several advantages, such as a) an 

approximately 25% reduction in aeration consumption, leading to energy savings [143]; 

b) a nearly 40% reduction in carbon requirements for denitrification [144]; c) a reduction 

in sludge yield, simplifying sludge disposal [145]; d) the ability to reduce reactor volume 

and save space due to the shorter reaction time [146]. However, the main challenge of 

this process is related to the instability of NOB inhibition [147].  

By leveraging the variations in the growth of AOBs and NOBs, different operational 

strategies can be implemented to hinder and subsequently eliminate NOBs. These 

strategies include a) operating the bioreactors at high pH (>7.5) and temperatures (>25 

°C) [148,149]; sludge retention time (SRT) control [150]; b) setting the DO level between 
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1 and 2 mg O2·L
-1 [151]; c) maintaining free ammonia (FA i.e. NH3) and free nitrous acid 

(FNA i.e. HNO2) concentrations within ranges that inhibit NOB and tolerate AOB [60]. 

Although both AOBs and NOBs are aerobic organisms, they have different affinities for 

oxygen. In particular, some studies have shown that AOBs tend to have a higher affinity 

for oxygen than NOBs [152,153]. This suggests that AOBs may become dominant under 

low DO conditions, allowing the accumulation of NO2
-. Conversely, other studies have 

shown that certain genera of NOBs have a higher affinity for oxygen, allowing them to 

adapt to low DO conditions [154,155]. Duan et al. [156] examined the kinetic parameters 

of AOBs and NOBs under different DO concentrations ranging from 0.6 to 5.0 mg O2·L-

1. The results reveal that AOBs showed limited adaptability to DO variation, with a 

decrease in oxygen affinity observed in the presence of high DO levels (4.0-5.0 mg O2·L-

1). In contrast, under low DO (0.3-0.8 mg O2·L-1), the main NOB genus, Nitrospira, 

dominated the nitrifying community. 

In addition, both AOBs and NOBs are found to be sensitive to FA. The inhibition 

thresholds are different and range from 10-605 mg N·L-1 for AOBs [157] to 0.04-5 mg 

N·L-1 for NOBs [158–160]. In addition, FNA concentrations ranging from 0.42 to 1.72 

mg N·L-1 resulted in a 50% reduction in the AOBs activity. In contrast, lower FNA 

concentrations of 0.026 to 0.22 mg N·L-1 could completely inhibit NOBs [148,161]. Chen 

et al. [162] used 250 mg N·L-1 of N-NH4
+ and N-NO2

- to evaluate the performance of 

FA/FNA treatment on NOB suppression, confirming that nitritation could be achieved by 

temporary FA/FNA treatment. Similarly, Qian et al. [163] reported that increasing the FA 

concentration from 0 to 16.8 mg N·L-1 resulted in a greater decrease in NOB activity 

compared to AOBs. In addition, Zhou et al. [164], achieved complete NOB suppression 



37 

 

by a combination of high FA (26.2 mg N·L-1) concentration and low DO levels (0.12 mg 

O2·L-1).  

Many studies have shown that IA can be a rapid and effective method to accumulate AOB 

and inhibit NOB, while also saving energy [165–167]. Particularly, the optimization of 

the operational approach for IA is crucial, as maintaining prolonged anoxic phases during 

IA not only increases operational costs, leading to lower N removal rates but also leads 

to increased operational complexity [165]. Xu et al. [168], combining IA using an aeration 

period of 20 min with a DO concentration of 0.5 mg O2·L
-1, achieved an 80-89 % N 

removal. Recently, Luan et al. [169] studied the N removal pathway in an intermittently 

aerated activated sludge system by adding iron-chitosan (Fe-CS) beads achieving 93.9 % 

TN removal efficiency and an inhibitory effect on the NOB growth. Iannacone et al. [83] 

investigated the feasibility of short-cut SNDPR in continuous-flow intermittently-aerated 

MBBR. NOB suppression within the MBBR was efficiently achieved by maintaining a 

pH of 8.2, an SRT of 4 days, a T between 26 and 28 °C, and using IA (0.2-3.0 mg O2·L
-

1). Alternatively, Chang et al. [170] achieved a short-cut SND in the hybrid membrane 

aerated biofilm reactor for treating low COD/N ratio (3.3-5.3) using an aeration pressure 

of 0.01 Mpa, temperature of 30 °C, and a pH of 8.  

 

1.5 SND applications in MBBR and AGS reactor  

SND can be effectively integrated into various wastewater treatment systems, including 

activated sludge, AGS, biofilm reactors, and other bio-configurations [57]. Biofilm-based 

systems foster the coexistence of diverse microbial communities, enabling efficient 

biodegradation of various pollutants. Additionally, these systems concentrate active 

biomass, resulting in faster reaction rates and smaller reactor footprints [171]. 
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Conversely, AGS forms self-organizing microbial aggregates similar in structure to 

biofilms, but without requiring external inert support. This technology combines the 

efficient degradation of suspended-growth systems with the compact structure and 

reduced sludge production of biofilms, offering potential benefits for wastewater 

treatment [172,173]. 

 

1.5.1 Moving bed biofilm reactors   

MBBR technology is an efficient wastewater treatment solution. The use of mobile 

carriers facilitates the development of a stratified biofilm, characterized by the presence 

of different bacterial communities that are influenced by the composition of the treated 

wastewater and the operating conditions [174]. The type of biocarrier therefore plays a 

key role in the stable operation of an MBBR. The widely employed carriers for MBBRs 

are plastic-based and are commercially accessible in diverse shapes and sizes. These 

include chip-type media, characterized by flat or curved plastic discs (such as the Z-

carrier by AnoxKaldnes, Lund, Sweden), mesh-type media, resembling chip-type but 

permitting flow through mesh openings (i,e. BiofilmChip by AnoxKaldnes), porous or 

sponge-type media, and media featuring internal tubular channels (such as K3 media from 

AnoxKaldnes) [175]. Other specific types of carriers used were lignite-activated coke 

[176], polyvinyl chloride rings [177], polypropylene (PPE) pall rings [178], and 

polyurethane foam [179]. Among the options mentioned, polyurethane sponge stands out 

as an optimal growth medium due to its high mechanical strength, large specific surface 

area, robust surface, and excellent adhesion to microorganisms [180]. An additional 

advantage of polyurethane sponge is its advanced capability for SND due to the well-

developed DO gradient within the biofilm [181]. Table 1 lists the operational parameters 
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and SND performance of MBBR. Song et al. [106] developed a new MBBR with zeolite 

powder-based polyurethane sponges as carriers to evaluate the SND and also to compare 

the results with those obtained using conventional polyurethane sponges as carriers. The 

study showed that the use of zeolite powder-based polyurethane sponges as biocarriers 

not only increased the TN removal efficiency by 10% but also promoted the presence of 

1.3 times more biofilm attached to the new biocarriers than the conventional polyurethane 

sponges with a higher abundance of denitrifying bacteria. Shi et al. [85] comparing the 

effects of four soft polyurethane biocarriers with different sizes and a hard polypropylene 

biocarrier on the performance of SND for coking wastewater treatment in an MBBR, 

found that soft polyurethane biocarriers can help prevent nitrifying bacteria from washing 

out under shock loading. Recently, Lu et al. [182] identified that novel flocking 0.5 mm 

biocarriers composed of polypropylene fibers can enhance the SND process showing a 

52% removal of TN and promoting the formation of EPS, resulting in increased microbial 

community stability. In addition, according to Yang et al. [183] agricultural wastes 

(cellulose, hemicellulose, lignin) can be used as carbon sources and biological carriers. 

In a study by Loh et al. [69] a novel biodegradable Cocos nucifera fiber was used as 

biofilter media evaluating the performance of the system based on the biofilm 

concentrations, SND efficiencies, and COD and N removal efficiencies. The study shows 

that under the best operating conditions of DO 1.5 mg O2·L
-1 and HRT 16 h, an average 

COD and TN removal efficiency of 90.9% and 71.1% were achieved, respectively. In 

addition, the Cocos nucifera fiber media degraded by only 0.8% after 176 days of 

continuous operation, indicating an expected life of over 5 years.  

In addition, a suitable filling fraction must be defined to ensure effective hydrodynamic 

properties without limiting mass transfer [151]. However, the filling fraction of the 
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carriers must not exceed 70% of the total reactor volume [184]. The selection of the 

loading ratio can impact the efficiency and effectiveness of the bioreactor system, thereby 

influencing the overall operating costs incurred, including energy consumption and the 

procurement of carriers [58]. Recently, Pratap et al. [174] investigated the effect of three 

high-density polyethylene (HDPE) and PPE filling ratios (20, 40, and 60 %) on biofilm 

formation and MBBR performance in both batch and continuous setups using real 

municipal wastewater. The highest COD and TN removal efficiencies were found to be 

77 and 75 and 89 and 91 % with HDPE and PPE, respectively, and a carrier filling ratio 

of 40 %, which confirms previous literature reports [185,186].  

Recent studies have shown that, under certain operating conditions, the SNDPR process 

can also be implemented in MBBRs. Pan et al. [107] reveal that 99.6, 63.6 78.9, and 59.6 

% of N-NH4
+, N-NO3

-, TN and TP were removed at C/N ratio, HRT, and carrier film 

amount equal to 5, 40 h and 1.2 mg·g-1. Shao et al. [187] evaluated the SNDPR process 

by manganese redox cycling in MBBR at a C/N ratio of 5 obtaining removal efficiencies 

of TN, N-NH4
+, TP, and Mn2+ of 65.1, 92.7, 51.6 and 68.1 %, respectively, using sodium 

succinate as the denitrifying carbon source. Luan et al. [84] found TN and TP removal 

efficiencies were 90 and 74 %, 88 and 59 % with a C/N of 3 and for short and long 

aeration, respectively, noting that different aeration times can alter the nutrient 

degradation pathway, biofilm characteristics, microbial community, and functional 

metabolic pathways. In particular, the short aeration also provided a more stable biofilm 

structure and facilitated the cultivation of denitrifying glycogen-accumulating organisms 

(DGAOs). Similarly, Iannacone et al. [21] obtained average dissolved organic carbon 

(DOC), total inorganic carbon (TIN), and P-PO4
3- efficiencies of 100, 62 and 75 % at a 

DO range of 0.2-3.0 mg O2·L
-1, thus alternating microaerobic-aerobic conditions favoring 
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the coexistence of key species involved in nitrification, denitrification, and phosphorus 

accumulation. 

 

1.5.2 Aerobic granular sludge reactor  

AGS technology represents an innovative approach for the treatment of both domestic 

and industrial wastewater, primarily due to its significantly reduced footprint and energy 

consumption compared to conventional activated sludge systems [188,189]. AGS are 

characterized by a dense biofilm comprised of self-mobilized cells, eliminating the 

necessity for support material. Compared to CAS, AGS can reduce bioreactor volume by 

30% and energy consumption by up to 63%, while their compact and heavy structure 

facilitates faster settling, reducing the time required for settling without the use of 

flocculants [190]. Additionally, the presence of multiple layers promotes the coexistence 

of nitrifying organisms in the outer layers and denitrifying and anaerobic organisms 

toward the center of the granules, enabling SND implementation [189,191]. However, 

AGS has some limitations, including instability, and long granule cultivation time [57]. 

In general, the main requirements for the aerobic granulation process are a) distinct feast-

famine periods during operation, b) a short settling time, and c) a high aeration intensity 

[192]. In contrast, several parameters such as C/N ratio, aeration intensity, and organic 

loading rate (OLR) can influence the long-term stability of AGS [193]. Further 

parameters including granule size, DO, and microbial community can affect SND in AGS 

reactors [194]. Table 1.1 provides a comprehensive overview of the operation of the AGS 

reactor. Granule size selection is an important control variable in achieving and 

maintaining efficient nutrient removal [195]. As both small and large granules are 

exposed to the same mass DO concentration, the smaller granules have a higher aerobic 
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volume fraction with a limited anoxic zone, promoting the growth of nitrifiers but 

negatively affecting the SND [92]. Conversely, the larger granules have a higher anoxic 

volume fraction, facilitating the proliferation of denitrifying bacteria [196]. Although 

aerobic granular sludge has been successfully cultured in sizes ranging from 0.02 mm to 

9.0 mm, it is usually characterized by average diameters between 0.1 mm and 3.0 mm 

[197]. Quoc et al. [196] evaluated the optimal granule size fractions ranging from 0.2 to 

> 2.0 mm for SND in an AGS pilot plant. Particle sizes within the range of 0.2 to 0.6 mm 

show the highest rates of nitrification and P removal at DO values ranging from 1.0 to 3.0 

mg O2·L
-1 due to the greater aerobic volume fraction resulting in higher abundances of 

PAO and AOB. Conversely, larger granules (>1 mm) demonstrate significantly lower 

ammonia oxidation rates, ranging from 1.4 to 4.7 times lower than the smaller granule 

sizes, consistent with their lower AOB abundance relative to the granule biomass. 

Therefore, for a DO concentration of 2.0 mg O2·L
-1, the choice of size fractions in the 

range of 0.2 - 1.0 mm can result in higher N removal capacity and energy savings. 

Additionally, control of the aeration process is a valuable tool for optimizing the AGS 

granulation process and increasing SND treatment efficiency.  

In general, a high DO level, while beneficial for complete nitrification, can lead to a 

deterioration of denitrification in the SND process [16]. On the other hand, an adequate 

aerobic rate and a low DO content favor the formation of a short-cut SND process in the 

AGS [198]. Huang et al. [99] reported that IA contributed to higher removal efficiencies 

of organics, N and P, faster granulation process, larger particle size, and more microbial 

communities than continuous aeration. The C/N ratio is an important parameter that 

influences the stability of the AGS technology and the SNDPR process. Su et al. [100] 

investigated the effect of different C/N ratios (20, 15, 10, 5) on the SNDPR process in 
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SBR-AGS and found that a C/N ratio of 10 favors the maintenance of a more compact 

structure of the granule sludge, whereas at a C/N ratio of 5 leads to granule disintegration. 

Furthermore, the results showed that different C/N ratios have a significant effect on the 

N removal rate of AGS but have little effect on the organic matter and P removal rate, in 

agreement with Zhou et al. [101]. Chen et al. [199] achieved a short-cut SND process in 

an AGS-SBR for the treatment of low COD/TN (≈4) ratio wastewater by tapered aeration. 

However, at a low COD/TN ratio, the P removal performance of the AGS-SBR can be 

unstable and require the addition of an external carbon source.  

1.6 SND in bioelectrochemical systems 

Bioelectrochemical systems (BES) have been proposed as a technology to revolutionize 

conventional energy-intensive processes into integrated systems that simultaneously 

recover energy, nutrients, and other value-added products [200]. BES use 

microorganisms to catalyze oxidation and reduction reactions at electrodes. The 

microorganisms can engage directly with the electrode, improving electron transfer 

efficiency and increasing cell activity. Electric field stimulation also promotes the 

formation of electrochemically active bacteria (EAB) [201]. Typically, anaerobic bacteria 

oxidize organic matter in wastewater to CO2, using the anode as a terminal electron 

acceptor. As organic matter is degraded, electrons are released and transported by 

extracellular transport mechanisms to the anode, which is at a higher potential than the 

organic substrate. These electrons then traverse an external circuit, passing through a load 

(resistor) to reach the cathode. Finally, the electrons are consumed in the reduction of 

electron acceptors such as O2, NO3
-, and metal ions at the cathode [202]. 

BES can be broadly categorized into microbial fuel cells (MFCs), microbial 

electrosynthesis cells (MESs), and microbial electrolysis cells (MECs) [203]. A MFC 
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combines the oxidation of a substrate at a low redox potential with the reduction of an 

electron acceptor at a higher redox potential to produce electricity. One or both reactions 

are catalyzed at the electrode surface by microorganisms [204]. A MES is a sustainable 

and cost-effective biotechnology for efficiently converting pollutants, carbon dioxide 

(CO2), and waste into useful chemicals [205]. In MECs, electrons and protons are 

generated at the anode by the degradation of organic substrates and transferred to the 

cathode via an external circuit containing a power supply and an ion-exchange membrane, 

respectively [206]. At the cathode, hydrogen (H2) is produced by the reduction of protons 

or water [207]. 

Watanabe et al. [208] investigated the performance of SND in BES consisting of anode 

and cathode electrodes to which nitrifying and denitrifying biofilms were adhered, 

respectively. The results showed that the nitrification rate can improve as the applied 

current increases, even at lower DO concentrations. This suggests that nitrification takes 

place within the anodic biofilm, using the oxygen generated by the electrolysis of the 

water and that present in the suspended liquid. Furthermore, the denitrification rate 

remained consistently high at high DO concentrations due to the addition of H2 in the 

cathodic biofilm. Recently, Song et al. [86] proposed a stainless steel tube as an anaerobic 

single-chamber MEC for investigating autotrophic SND under different voltages (1.8 V, 

1.5 V, 1.2 V) applied by DC power, using ammonia as the only electron donor. The 

authors showed that when the voltage was applied at 1.5 V, a TN removal efficiency of 

45% can be achieved, indicating a direct dependence between the reactions at the applied 

potential, as reported also by Zheng et al. [209]. In contrast, several studies have reported 

SND in MFCs showing also a linear relationship between TN removal performance with 

energy production [204,210]. In a recent study, San-Martín et al. [211] explored the SND 

https://www.sciencedirect.com/topics/engineering/stainless-steel
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process in a 150 L BES-based pilot plant comprising five autonomous modules connected 

hydraulically and electrically in parallel. The initial step involves feeding the fresh waste 

effluent to the anodic side of each module to facilitate the oxidation of organic matter. 

Subsequently, the effluent is directed to a packed-bed column reactor to facilitate the 

conversion of ammonia into nitrate. Finally, the effluent from the column is directed to 

the cathodic side of each module to undergo denitrification. The results showed that 

although the removal rates of total organic carbon (TOC) and TN averaged 80% and 70%, 

respectively, with a specific energy consumption of 0.18 kWh·m-3, the external 

nitrification reactor was not able to convert all the ammonia to nitrate, limiting the 

denitrification process to the cathode. 

 

1.7 Mathematical modeling of SND in biofilm reactors 

Modeling is an effective tool for better understanding the interrelationships between 

different operating conditions, analyzing different treatment scenarios, and optimizing the 

processes involved in WWTPs [212]. To date, several models have been developed to 

evaluate the SND process in different biological reactors. Activated sludge models 

(ASM) are the most commonly used in optimization studies for municipal and industrial 

wastewater treatment plants, as they represent microbial development and substrate 

utilization in an activated sludge system. They are integrated into most of the currently 

used simulation software, e.g. Simba# (Ifak GmbH, Magdeburg, Germany), GPS-XTM 

(Hamilton, Ontario), AQUASIM® (EAWAG, Switzerland), BioWin (Envirosim 

Associates Ltd.) and WEST (MKE DHI®) [213]. Dolatshah et al. [214] used GPS-X 

software to predict influent and effluent COD concentrations while operating an IFAS for 

the SND process, treating industrial wastewater under various operational conditions. The 

https://www.sciencedirect.com/topics/earth-and-planetary-sciences/industrial-wastewater-treatment
https://www.sciencedirect.com/topics/earth-and-planetary-sciences/industrial-wastewater-treatment
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congruence between experimental and calibrated data indicates that GPS-X accurately 

models the IFAS system and establishes it as a reliable tool for predicting effluent quality 

by adjusting operational parameters. Baek et al. [215] developed a mathematical model 

using AQUASIM 2.0 for the SND process in an MBR for the treatment of diluted 

municipal wastewater under low DO conditions (< 0.6 mg O2·L
-1) using ASM No. 1 

(ASM1). The model showed that the most sensitive coefficients are related to the growth 

of heterotrophic biomass, indicating its predominance in the total biomass. In addition, a 

decrease in AOB and NOB was also observed as a result of the decrease in the DO 

concentration. The dynamic simulations using BioWin software 3.0 were also used to 

evaluate the effect of SND on N removal performance and filamentous microorganism 

diversity of an MBR [216].   
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CHAPTER 2 

Modeling complete and shortcut simultaneous 

nitrification and denitrification coupled to phosphorus 

removal in moving bed biofilm reactors 
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Nomenclature 

µAOB maximum specific growth rate AOB [d-1] 

bAOB,aerobic aerobic decay rate AOB [d-1] 

bAOB,anoxic/anaerobic anoxic/anaerobic decay rate AOB [d-1] 

KSB,AOB substrate half saturation AOB [mg N·L-1] 

KO2,AOB ammonia oxidizing DO half saturation [mg O2·L
-1] 

µNOB maximum specific growth rate NOB [d-1] 

bNOB,aerobic aerobic decay rate NOB [d-1] 

bNOB,anoxic/anaerobic anoxic/anaerobic decay rate AOB [d-1] 

KSB,NOB substrate half saturation NOB [mg N·L-1] 

KO2,NOB nitrite-oxidizing biomass DO half saturation [mg O2·L
-1] 

µH maximum specific growth rate OHO [d-1] 

YH heterotrophic biomass yield [mg COD·mg COD-1] 

bH,aerobic aerobic decay rate OHO [d-1] 

bH,anoxic anoxic decay rate OHO [d-1] 

KSB,OHO substrate half saturation OHO [mg COD·L-1] 

µPAO maximum specific growth rate PAO [d-1] 

YPAO PAO biomass yield [mg COD·mg COD-1] 

bPAO,anaerobic anaerobic decay rate PAO [d-1] 

bPAO,anoxic/aerobic anoxic/aerobic decay rate PAO [d-1] 

KSB,PAO substrate half saturation PAO [mg CODPHB·mg CODPAO
-1] 

KO2,PAO phosphorus accumulating DO half saturation [mg O2·L
-1] 

KP uptake phosphate uptake half saturation constant [mg P·L-1] 

Diff. N-NH4
+ biofilm diffusivity of N-NH4

+ [m2 d-1] 
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Diff. N-NO3
- biofilm diffusivity of N-NO3

- [m2 d-1] 

Diff. N-NO2
- biofilm diffusivity of N-NO2

- [m2 d-1] 

Diff. oxygen biofilm diffusivity of oxygen [m2 d-1] 

Diff. acetate biofilm diffusivity of acetate [m2 d-1] 

Diff. acetate biofilm diffusivity of acetate [m2 d-1] 

Diff. neta 80% of the specified effective diffusivities [-] 

FZno fraction of total influent COD which is nitrite-oxidizing organisms [g 

COD·g COD-1] 

L1 Film surface area to media area ratio – max [μm] 
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2.1. Introduction 

The removal of nitrogen (N) and phosphorus (P) from wastewater is of crucial importance 

in controlling the eutrophication process, which is responsible for the excessive growth 

of algae and, consequently, a depletion of dissolved oxygen (DO) in the receiving water 

bodies [217–220]. Conventionally, biological N removal (BNR) in wastewater treatment 

plants (WWTPs) includes autotrophic nitrification and heterotrophic denitrification 

implemented in sequence according to different possible configurations [221]. During the 

first step of nitrification, ammonium is oxidized to nitrite (NO2
-) by ammonia-oxidizing 

bacteria (AOB) by consuming 1.5 mol of O2. Specifically, NH4
+ is first oxidized to 

hydroxylamine (NH2OH) by the enzyme ammonia monooxygenase (AMO). Next, 

NH2OH is oxidized to NO2
- by hydroxylamine oxidoreductase (HAO) [45]. In the 

nitratation step carried out by nitrite-oxidizing bacteria (NOB), the NO2
- produced during 

nitritation is rapidly converted to NO3
- through the catalysis of the enzyme nitrite 

oxidoreductase (NXR) with the consumption of 0.5 mol of O2. Heterotrophic 

denitrification consists of nitrate (NO3
-) reduction to dinitrogen gas (N2) under anoxic 

conditions with organic carbon as the electron donor [222]. However, this approach 

results in energy-intensive aeration [15], high capital and operating costs, a large 

footprint, and high sludge production [121]. 

Phosphorus removal primarily relies on methods such as adsorption, chemical 

precipitation, or biological processes [7–9]. Compared to the other P removal systems, 

enhanced biological phosphorus removal (EPBR) with activated sludge systems is a cost-

effective and environmentally sustainable alternative to chemical treatment [10, 14]. The 

EBPR process achieves P removal by cycling anaerobic-aerobic metabolisms of 

phosphate-accumulating organisms (PAO) [25].  
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Simultaneous nitrification and denitrification (SND) is considered a promising alternative 

to conventional nitrification and denitrification processes for N removal within a single 

bioreactor, as it offers several advantages mainly associated with a lower footprint, carbon 

demand, sludge production, and oxygen requirement [58]. Moreover, no recirculation of 

nitrified effluent is needed, which simplifies the process scheme and reduces the energy 

requirement. One of the main factors affecting the successful occurrence of SND is the 

oxygen diffusion limitation, which leads to the formation of an anoxic microenvironment 

in the inner parts of sludge flocs or adhered biofilms and allows the coexistence of 

autotrophic nitrifying and heterotrophic denitrifying microorganisms at different layers 

of the same stratified structure [122]. 

Recent studies showed that the SND process can be coupled to successful phosphorus 

removal [18,68]. According to Zaman et al [68], the simultaneous nitrification, 

denitrification, and phosphorus removal (SNDPR) process requires less organic matter 

and DO consumption than the conventional biological phosphorus removal. Recent 

research has also focused on the shortcut (or partial) SND pathway involving partial 

nitrification or nitritation (NH4
+ oxidation to NO2

-) and denitritation (NO2
- reduction to 

N2) instead of complete nitrification and denitrification pathways. By eliminating the 

NO2
- oxidation (nitratation) step, the shortcut pathway is advantageous compared to the 

complete pathway as less organic carbon and oxygen are needed for BNR. However, 

suppression of NOB activity is needed, which can be pursued via several strategies, 

including strict control of DO, pH, solid retention time (SRT), temperature, and 

concentrations of free ammonia and nitrous acid [58].  

To date, various bioreactor configurations have been tested for SND processes, including 

the sequential batch reactor (SBR) [95,224], membrane bioreactor (MBR) [103], moving 
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bed biofilm reactor (MBBR) [12–14], and aerobic granular sludge (AGS) reactor [15, 16]. 

Compared with suspended-growth systems, biofilm-based technologies have shown 

several advantages, including higher biomass concentration, lower space requirements, 

shorter retention time, reduced sludge production, and more stable performances [225]. 

The growing interest in biofilm-based treatment processes has been accompanied by an 

increasing focus on their numerical analysis and biofilm modeling studies. Mathematical 

modeling is an important tool to predict the performance of a biological treatment, 

determine important variables and critical parameters, and aid in troubleshooting [226]. 

Additionally, the use of simulations during modeling can improve the WWTP design by 

providing different bioreactor operation scenarios [227]. Many biofilm models are 

incorporated in most of the currently used simulation software, such as Simba# (Ifak 

GmbH, Magdeburg, Germany), AQUASIM® (EAWAG, Switzerland), BioWin 

(Envirosim Associates Ltd.), and WEST (MIKE DHI®) [213]. The dynamic mixed-

culture biofilm model implemented in BioWin belongs to the class of 1D models, as 

described by Wanner and Reichert [228,229]. In summary, the mathematical model of 

mixed-culture biofilms consists of a series of 1D mass balance equations that allow to 

model the progression of biofilm thickness as well as the spatial distribution and 

development over time of various dissolved (nutrients, electron donors, and electron 

acceptors) and particulate components (microbial cells, extracellular polymeric 

substances, organic and inorganic particles) in a biofilm as a function of transport and 

transformation processes [228,230].  

Compared to the previous multispecies biofilm models [231], the dynamic mixed-culture 

biofilm model of BioWin permits a more flexible description of the transport of dissolved 

components in the biofilm and considers the diffusive transport of particulate components 
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in the biofilm solid matrix, changes in the biofilm liquid phase volume fraction (porosity), 

and simultaneous detachment and attachment of cells and particles at the biofilm surface 

[228]. The process model integrated with the biofilm model in BioWin is the activated 

sludge/anaerobic digestion model (ASDM), which allows to simulate the complex 

interactions occurring in the aerobic, anoxic, and anaerobic layers of the biofilm. Despite 

the growing interest in SND processes and the empirical mathematical models supporting 

their successful implementation, calibrated models using experimental data are scarce in 

the literature [25, 26]. Specifically, none of the abovementioned studies include the 

modeling of the complete and shortcut SNDPR processes.  

The present study contributes to filling the existing gap in this field by modeling complete 

and shortcut SNDPR in MBBRs based on the data collected from two different 

experimental campaigns conducted at a laboratory scale by Iannacone et al. [21,83]. The 

main objective of this work is to assess whether a calibrated and validated model could 

accurately predict the experimental results. By using the BioWin software, different 

operating conditions, including dissolved oxygen (DO), feed carbon-to-nitrogen (C/N) 

ratio, and hydraulic retention time (HRT), were simulated with the aim of investigating 

the main impacts on the process in terms of removal of the main wastewater contaminants 

(i.e., COD, ammonium, oxidized nitrogen species, and phosphate) and evolution of the 

dominant functional groups (i.e., AOB, NOB, ordinary heterotrophic organisms (OHO), 

and PAO). Additionally, the validated model from the second experimental campaign was 

used to test alternative scenarios to improve nutrient removal efficiencies, thus 

representing an important aid for potential future successful implementation and scale-up 

of the process. 
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2.2. Materials and methods 

2.2.1. Experimental data 

The experimental data from two different campaigns [21,83] were used to calibrate and 

validate the biofilm model implemented in BioWin 6.0. Specifically, the studies were 

based on long-term (shortcut) SNDPR in continuous-flow MBBRs under different 

operational conditions, involving changes in C/N, HRT, and DO concentration, as 

reported in Table 2.1.  

Table 2.1. Main operational conditions in terms of dissolved oxygen (DO), hydraulic retention 

time (HRT) and carbon-to-nitrogen (C/N) ratio of the two modeled experimental campaigns 

[21,83]. 

 Experimental campaign I Experimental campaign II 

Period Days DO  

[mg O2·L
-

1] 

HRT  

[d] 

Feed 

C/N 

Days DO  

[mg 

O2·L
-1] 

HRT  

[d] 

Feed C/N 

P1 0-13 0.2-2.0 1 4.2±0.3  0-41 0.2-3.0 1 3.5±0.3  

P2 14-30 0.2-2.0 1 2.8±0.5  42-69 0.2-3.0 1 3.0±0.3  

P3 31-58 0.2-3.0 1 2.9±0.3  70-83 0.2-2.0 1 3.4±0.1  

P4 59-76 0.2-4.0 1 2.8±0.1  84-95 0.2-3.0 1 3.3±0.1  

P5 77-89 0.2-3.0 1 2.8±0.1  96-125 0.2-3.0 1 4.0±0.2  

P6 90-140 0.2-3.0 1 3.6±0.4   / / / 

 

The MBBRs were fed exclusively with synthetic wastewater containing acetate, NH4
+, 

and PO4
3- as the main sources of organic carbon, nitrogen, and phosphorus, respectively. 

DO, pH, and HRT were monitored as reported by Iannacone et al. [21,83]. 

The first experimental campaign lasted 137 days and was divided into 6 experimental 

periods (P1-P6). The continuous-flow MBBR (intermittent-aeration MBBR, IAMBBR) 
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was operated under alternating microaerobic and aerobic conditions with the aim of 

removing carbon, nitrogen, and phosphorus through SNDPR [21]. The HRT was set to 1 

day and different DO conditions and C/N ratios were tested. The values of the input 

parameters used in BioWin for the simulations are reported in Table 2.2. The input flow 

rate was constant for the entire calibration and validation periods and equal to 0.02 m3·d-

1 in accordance with the HRT value of 1 day. The fractionation of total COD (tCOD), 

TKN, total phosphorous (TP), and total sulfur (TS) used in the BioWin model are reported 

in Table 2.3. In particular, the fraction of acetate was set to the maximum value allowed 

of 0.97 to simulate the presence of only readily biodegradable organic matter in the 

influent. The temperature was set at 22°C according to the experimental campaign, while 

to reproduce the DO profiles of the microaerobic-aerobic cycles applied during the 

experimental campaign [21] an oxygen time trend based on the experimental DO profiles 

was considered for the simulations (Table 2.4). For the first two experimental periods 

(P1 and P2), as detailed experimental data were not available, the DO concentration trend 

used for the simulation was reproduced considering the experimental DO ranges, while 

for P3-P6 a cyclic variation in oxygen over time was reconstructed based on the 

experimental DO profiles.  

Table 2.2. Experimental data set used for calibration of first experimental campaign in terms of 

total chemical demand (tCOD), total Kjendahl nitrogen (TKN), total phosphorus (TP), total sulfur 

(TS), N-NO3
-, pH, alkalinity, total inorganic suspended solid (tISS), calcium (Ca2+) and 

magnesium ions (Mg2+).  

Days tCOD 

(mgCOD 

L-1) 

TKN 

(mgN 

L-1) 

TP 

(mgP 

L-1) 

TS 

(mgS 

L-1) 

N-

NO3
- 

(mgN 

L-1) 

pH Alkalinity 

(mmol L-

1) 

tISS 

(mgISS 

L-1) 

Ca2+ 

(mg 

L-1) 

Mg2+ 

(mg 

L-1) 

3 338 30.1 11.6 3.0 1.0 7.95 21.7 2.0 117.6 42.9 

4 322 33.7 11.7 3.0 1.0 8.01 21.0 2.0 117.6 42.9 

5 324 34.0 11.9 3.0 1.0 7.80 20.6 2.0 117.6 42.9 
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Days tCOD 

(mgCOD 

L-1) 

TKN 

(mgN 

L-1) 

TP 

(mgP 

L-1) 

TS 

(mgS 

L-1) 

N-

NO3
- 

(mgN 

L-1) 

pH Alkalinity 

(mmol L-

1) 

tISS 

(mgISS 

L-1) 

Ca2+ 

(mg 

L-1) 

Mg2+ 

(mg 

L-1) 

6 334 34.0 11.9 3.0 1.0 7.79 20.7 2.0 117.6 42.9 

9 313 43.7 11.1 3.0 1.0 7.95 20.6 2.0 117.6 42.9 

10 360 32.1 11.2 3.0 1.0 7.78 20.5 2.0 117.6 42.9 

11 349 34.0 11.1 3.0 1.0 7.66 21.9 2.0 117.6 42.9 

12 431 31.6 11.5 3.0 1.0 7.67 22.3 2.0 117.6 42.9 

13 283 32.0 10.2 3.0 1.0 7.69 20.7 2.0 117.6 42.9 

16 250 35.3 8.9 3.0 1.0 7.72 22.3 2.0 117.6 42.9 

17 242 35.1 9.8 3.0 1.0 7.82 22.3 2.0 117.6 42.9 

18 250 34.3 8.4 3.0 1.0 7.88 22.2 2.0 117.6 42.9 

19 218 36.2 9.8 3.0 1.0 7.85 21.2 2.0 117.6 42.9 

20 223 32.8 11.3 3.0 1.0 7.85 20.8 2.0 117.6 42.9 

23 231 32.8 10.8 3.0 1.0 7.76 20.9 2.0 117.6 42.9 

24 231 32.1 10.8 3.0 1.0 7.84 21.4 2.0 117.6 42.9 

25 231 33.1 10.4 3.0 1.0 7.94 21.5 2.0 117.6 42.9 

26 231 33.4 10.4 3.0 1.0 8.03 20.9 2.0 117.6 42.9 

27 231 34.9 10.4 3.0 1.0 7.83 20.9 2.0 117.6 42.9 

30 231 34.7 8.6 3.0 1.0 7.83 20.5 2.0 117.6 42.9 

31 231 34.3 10.5 3.0 1.0 7.83 20.6 2.0 117.6 42.9 

32 281 35.1 10.1 3.0 1.0 7.90 21.2 2.0 117.6 42.9 

33 275 35.1 10.5 3.0 1.0 7.86 21.3 2.0 117.6 42.9 

34 252 35.1 10.5 3.0 1.0 7.94 20.6 2.0 117.6 42.9 

37 228 33.2 10.8 3.0 1.0 7.84 21.2 2.0 117.6 42.9 

38 252 34.5 12.9 3.0 1.0 7.79 18.5 2.0 117.6 42.9 

39 252 34.7 11.1 3.0 1.0 7.81 21.4 2.0 117.6 42.9 

40 252 33.3 10.9 3.0 1.0 7.85 21.0 2.0 117.6 42.9 

41 252 32.3 10.5 3.0 1.0 7.93 21.6 2.0 117.6 42.9 

44 229 32.5 11.1 3.0 1.0 7.84 20.9 2.0 117.6 42.9 

45 281 32.1 11.5 3.0 1.0 7.94 21.0 2.0 117.6 42.9 

46 230 33.5 12.1 3.0 1.0 7.84 20.4 2.0 117.6 42.9 

47 281 31.2 10.4 3.0 1.0 7.83 20.7 2.0 117.6 42.9 

48 275 33.1 10.6 3.0 1.0 7.86 20.8 2.0 117.6 42.9 

51 208 30.5 11.5 3.0 1.0 7.98 21.6 2.0 117.6 42.9 

52 237 32.4 10.8 3.0 1.0 8.11 19.7 2.0 117.6 42.9 

53 237 32.0 11.5 3.0 1.0 7.77 20.1 2.0 117.6 42.9 

54 237 32.5 11.5 3.0 1.0 7.77 0.0 2.0 117.6 42.9 

55 237 32.2 11.5 3.0 1.0 8.02 20.3 2.0 117.6 42.9 

58 237 34.4 11.4 3.0 1.0 8.20 21.4 2.0 117.6 42.9 

59 237 33.9 11.0 3.0 1.0 7.89 21.2 2.0 117.6 42.9 

60 195 34.4 11.0 3.0 1.0 8.06 20.1 2.0 117.6 42.9 

61 195 33.1 11.1 3.0 1.0 7.82 20.7 2.0 117.6 42.9 

62 195 31.5 11.0 3.0 1.0 8.03 20.1 2.0 117.6 42.9 

65 195 33.5 10.9 3.0 1.0 7.96 20.0 2.0 117.6 42.9 

66 195 34.6 10.9 3.0 1.0 8.05 21.2 2.0 117.6 42.9 

67 195 34.6 10.7 3.0 1.0 7.93 21.2 2.0 117.6 42.9 

68 195 32.3 10.8 3.0 1.0 7.90 20.2 2.0 117.6 42.9 

69 195 33.0 10.7 3.0 1.0 7.89 20.2 2.0 117.6 42.9 

72 195 32.4 11.1 3.0 1.0 8.06 21.0 2.0 117.6 42.9 

73 195 34.9 9.4 3.0 1.0 7.80 21.3 2.0 117.6 42.9 

74 237 34.1 10.7 3.0 1.0 7.82 21.6 2.0 117.6 42.9 

75 237 33.4 9.9 3.0 1.0 7.84 21.1 2.0 117.6 42.9 

76 237 34.4 9.8 3.0 1.0 7.88 21.4 2.0 117.6 42.9 

79 237 35.0 9.3 3.0 1.0 7.83 21.4 2.0 117.6 42.9 

80 244 32.7 9.9 3.0 1.0 7.87 21.6 2.0 117.6 42.9 

81 244 32.1 11.2 3.0 1.0 7.69 20.8 2.0 117.6 42.9 
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Days tCOD 

(mgCOD 

L-1) 

TKN 

(mgN 

L-1) 

TP 

(mgP 

L-1) 

TS 

(mgS 

L-1) 

N-

NO3
- 

(mgN 

L-1) 

pH Alkalinity 

(mmol L-

1) 

tISS 

(mgISS 

L-1) 

Ca2+ 

(mg 

L-1) 

Mg2+ 

(mg 

L-1) 

82 244 33.0 10.8 3.0 1.0 7.58 19.4 2.0 117.6 42.9 

83 244 33.2 10.1 3.0 1.0 7.67 19.5 2.0 117.6 42.9 

86 244 33.8 9.4 3.0 1.0 7.74 19.8 2.0 117.6 42.9 

87 325 33.5 10.3 3.0 1.0 7.70 20.4 2.0 117.6 42.9 

88 286 34.1 10.7 3.0 1.0 7.81 20.5 2.0 117.6 42.9 

89 281 33.0 11.2 3.0 1.0 7.84 20.4 2.0 117.6 42.9 

90 273 33.0 10.8 3.0 1.0 7.91 20.7 2.0 117.6 42.9 

94 273 32.0 10.8 3.0 1.0 7.97 21.0 2.0 117.6 42.9 

95 299 32.7 10.8 3.0 1.0 7.72 20.5 2.0 117.6 42.9 

96 296 33.5 10.8 3.0 1.0 7.73 20.3 2.0 117.6 42.9 

97 286 33.0 11.1 3.0 1.0 7.79 20.5 2.0 117.6 42.9 

109 344 33.9 10.2 3.0 1.0 7.82 22.5 2.0 117.6 42.9 

110 326 33.5 10.3 3.0 1.0 7.81 21.0 2.0 117.6 42.9 

112 326 33.5 10.3 3.0 1.0 7.90 21.6 2.0 117.6 42.9 

116 286 33.5 10.8 3.0 1.0 7.79 21.0 2.0 117.6 42.9 

117 322 33.5 10.8 3.0 1.0 7.80 21.3 2.0 117.6 42.9 

118 299 33.5 10.8 3.0 1.0 7.83 21.0 2.0 117.6 42.9 

119 269 33.5 10.8 3.0 1.0 7.94 21.2 2.0 117.6 42.9 

122 273 33.5 10.8 3.0 1.0 7.94 21.6 2.0 117.6 42.9 

123 341 32.7 11.1 3.0 1.0 7.92 21.9 2.0 117.6 42.9 

124 308 34.7 10.5 3.0 1.0 7.92 23.4 2.0 117.6 42.9 

125 248 33.6 10.5 3.0 1.0 7.94 23.5 2.0 117.6 42.9 

126 308 33.7 10.2 3.0 1.0 7.94 22.8 2.0 117.6 42.9 

129 308 30.7 11.1 3.0 1.0 7.87 22.5 2.0 117.6 42.9 

130 248 31.1 11.1 3.0 1.0 7.85 21.9 2.0 117.6 42.9 

131 237 32.4 11.1 3.0 1.0 7.89 21.4 2.0 117.6 42.9 

132 348 31.7 11.1 3.0 1.0 7.71 21.3 2.0 117.6 42.9 

133 308 32.4 11.1 3.0 1.0 8.00 21.4 2.0 117.6 42.9 

136 341 33.9 11.1 3.0 1.0 7.83 21.0 2.0 117.6 42.9 

137 325 33.3 11.1 3.0 1.0 7.94 21.2 2.0 117.6 42.9 
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Table 2.3. Wastewater fractions used in BioWin models. 

Components Unit Period I 

Fbs – readily biodegradable organic matter 

(including acetate) * 
gCOD g total COD -1 0.9700 

Fac- acetate* 
gCOD g readily biod. 

COD-1 1.0000 

Fxsp – Non colloidal slowly biodegradable* 
gCOD g slowly biod. COD-

1 0 

Fus – Unbiodegradable soluble COD* gCOD g total COD-1 0 

Fup – unbiodegradable particulate COD* gCOD g total COD-1 0 

Fcel – Cellulose fraction of unbiodegradable 

particulate 
gCOD gCOD-1 0.5000 

Fna – Ammonia* gNH4-N gTKN-1 0.9700 

Fnox – Particulate organic nitrogen gN g Organic N-1 0.5000 

Fnus - Soluble unbiodegradable TKN* gN gTKN-1 0 

FupN N:COD ratio for unbiodegradable part. COD gN gCOD-1 0.0700 

Fpo4 – Phosphate* gPO4-P gTP-1 0.9700 

FupP – P:COD ratio for unbiodegradable part. 

COD 
gP gCOD-1 0.0220 

Fsr – Reduced sulfur [H2S] gS gS-1 0.1500 

FZbh – Ordinary heterotrophic COD fraction gCOD g total COD-1 0.0200 

FZbm – Methylotrophic COD fraction gCOD g total COD-1 0.0001 

FZao – Ammonia oxidizing COD fraction* gCOD g total COD-1 0.001 

FZno – Nitrite oxidizing COD fraction* gCOD g total COD-1 0.001 

FZaao – Anaerobic ammonia oxidizing COD 

fraction 
gCOD g total COD-1 0.0001 

FZppa – Phosphorus accumulating COD fraction gCOD g total COD-1 0.0001 

FZpa – Propionic acetogenic COD fraction gCOD g total COD-1 0.0001 

FZam – Acetoclastic methanogenic COD fraction gCOD g total COD-1 0.0001 

FZhm – Hydrogenotrophic methanogenic COD 

fraction 
gCOD g total COD-1 0.0001 

FZso – Sulfur oxiding COD fraction gCOD g total COD-1 0.0001 

FZsrpa – Sulfur reducing propionic acetogenic 

COD fraction 
gCOD g total COD-1 0.0001 

FZsra – Sulfur reducing acetotrophic COD fraction gCOD g total COD-1 0.0001 

FZsrh – Sulfur reducing hydrogenotrophic COD 

fraction 
gCOD g total COD-1 0.0001 

FZe – Endogenous products COD fraction gCOD g total COD-1 0 

* Modified from BioWin default values 
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Table 2.4. Trend of DO concentration (mg O2·L-1) used during the dynamic calibration for each 

period of the modeled second experimental campaign to simulate the experimental DO 

concentrations.  

Time (min) P1 P2 P3 P4 P5 P6 

0 0.20 0.20 0.20 0.20 0.20 0.20 

5 0.65 0.65 0.76 0.96 0.90 0.90 

10 1.10 1.10 1.32 1.72 1.60 1.60 

15 1.55 1.55 1.88 2.48 2.30 2.30 

20 2.00 2.00 2.44 3.24 3.00 3.00 

25 1.82 1.82 3.00 4.00 2.25 2.23 

30 1.65 1.65 2.44 3.25 1.50 1.45 

35 1.47 1.47 1.87 2.50 0.75 0.68 

40 1.30 0.52 1.31 1.75 0.64 0.58 

45 1.02 1.02 0.74 1.00 0.53 0.49 

50 0.75 0.75 0.18 0.25 0.42 0.39 

55 0.47 0.47 0.19 0.23 0.31 0.30 

60 0.20 0.20 0.19 0.22 0.20 0.20 

65 0.20 0.20 0.20 0.20 0.20 0.20 

70   0.20 0.20   

75   0.20 0.20   

80    0.20   

85    0.20   

90    0.20   

The second experimental campaign lasted 125 days and investigated the feasibility of 

coupling shortcut SND with biological P removal in two continuous-flow IAMBBRs 

alternating microaerobic and aerobic conditions and fed with two different carbon 

sources, i.e., ethanol and acetate [83].  

The reactors were operated at an HRT of 1 day, DO ranges of 0.2-3.0 mg O2·L
-1, and feed 

C/N ratios between 3.6 and 4.0 in both reactors (Table 2.1) [13]. NOB activity was 

inhibited by cultivating the biomass at a temperature of 26-28°C, a pH of 8.2±0.2, and an 

SRT of 4 days before MBBR inoculation. The input dataset used in BioWin for the 
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simulations is reported in Table 2.5. The input flow rate was constant for the entire 

calibration and validation periods in accordance with the calibration of the first 

experimental campaign. The temperature value set in the model was higher than the 

temperature during the first experimental campaign and equal to 30°C (on average), 

according to the temperature measured during the experiment (in the range of 26-32°C). 

To reproduce the experimental aeration conditions [83], a time trend of the DO based on 

the experimental data was considered during the dynamic simulations (Table 2.6). In the 

absence of experimental data, BioWin’s default values were used to set the initial values, 

and a steady-state simulation was performed. This simulation generated the initial values 

of the main active biomasses used in the dynamic simulation of both experimental 

campaigns. 

Table 2.5. Experimental data set used for the calibration of second experimental campaign in 

terms of total chemical demand (tCOD), total Kjeldahl nitrogen (TKN), total phosphorus (TP), 

total sulfur (TS), N-NO3
-, pH, alkalinity, total inorganic suspended solid (tISS), calcium (Ca2+) 

and magnesium ions (Mg2+).  

Days tCOD 

(mgCOD 

L-1) 

N-

TKN 

(mgN 

L-1) 

TP 

(mgP 

L-1) 

TS 

(mgS 

L-1) 

N-

NO3
- 

(mgN 

L-1) 

pH Alkalinity 

(mmol L-

1) 

tISS 

(mgISS 

L-1) 

Ca2+ 

(mg 

L-1) 

Mg2+ 

(mg 

L-1) 

1 246 26 8.9 3.0 1.0 7.73 23.8 2.0 117.6 42.9 

4 259 27 8.7 3.0 1.0 8.11 23.3 2.0 117.6 42.9 

5 276 27 9.0 3.0 1.0 8.11 23.9 2.0 117.6 42.9 

6 228 28 8.6 3.0 1.0 8.20 24.4 2.0 117.6 42.9 

8 234 27 9.1 3.0 1.0 7.65 23.5 2.0 117.6 42.9 

11 236 27 10.5 3.0 1.0 7.80 24.1 2.0 117.6 42.9 

12 190 26 8.1 3.0 1.0 7.91 24.0 2.0 117.6 42.9 

14 222 26 7.5 3.0 1.0 7.94 23.3 2.0 117.6 42.9 

15 263 26 8.5 3.0 1.0 7.75 23.4 2.0 117.6 42.9 

18 255 27 8.6 3.0 1.0 7.89 24.1 2.0 117.6 42.9 

19 272 27 8.6 3.0 1.0 7.88 22.3 2.0 117.6 42.9 

20 218 26 8.7 3.0 1.0 7.95 25.4 2.0 117.6 42.9 

21 234 26 8.5 3.0 1.0 7.85 23.0 2.0 117.6 42.9 

23 250 26 8.1 3.0 1.0 8.14 23.9 2.0 117.6 42.9 

27 248 26 7.7 3.0 1.0 8.18 23.5 2.0 117.6 42.9 

32 243 26 8.1 3.0 1.0 8.00 24.5 2.0 117.6 42.9 

35 214 26 7.7 3.0 1.0 7.80 24.0 2.0 117.6 42.9 
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Days tCOD 

(mgCOD 

L-1) 

N-

TKN 

(mgN 

L-1) 

TP 

(mgP 

L-1) 

TS 

(mgS 

L-1) 

N-

NO3
- 

(mgN 

L-1) 

pH Alkalinity 

(mmol L-

1) 

tISS 

(mgISS 

L-1) 

Ca2+ 

(mg 

L-1) 

Mg2+ 

(mg 

L-1) 

37 222 26 8.9 3.0 1.0 8.11 25.0 2.0 117.6 42.9 

39 222 26 8.8 3.0 1.0 7.90 24.0 2.0 117.6 42.9 

41 215 26 8.4 3.0 1.0 7.94 24.0 2.0 117.6 42.9 

43 202 25 3.6 3.0 1.0 7.90 24.0 2.0 117.6 42.9 

46 205 25 4.3 3.0 1.0 8.12 24.5 2.0 117.6 42.9 

47 209 25 4.3 3.0 1.0 8.24 24.5 2.0 117.6 42.9 

49 243 27 4.0 3.0 1.0 8.24 24.3 2.0 117.6 42.9 

50 216 26 4.1 3.0 1.0 8.07 25.0 2.0 117.6 42.9 

53 207 26 4.2 3.0 1.0 8.20 25.8 2.0 117.6 42.9 

55 207 26 4.6 3.0 1.0 8.06 24.3 2.0 117.6 42.9 

56 207 26 4.4 3.0 1.0 8.06 24.3 2.0 117.6 42.9 

57 197 25 4.2 3.0 1.0 7.99 24.0 2.0 117.6 42.9 

60 221 24 4.2 3.0 1.0 8.22 25.0 2.0 117.6 42.9 

61 208 26 3.7 3.0 1.0 8.22 25.0 2.0 117.6 42.9 

62 203 25 4.0 3.0 1.0 8.22 25.0 2.0 117.6 42.9 

64 205 25 4.0 3.0 1.0 8.22 25.0 2.0 117.6 42.9 

68 198 26 4.4 3.0 1.0 8.22 24.5 2.0 117.6 42.9 

69 208 26 4.4 3.0 1.0 8.22 24.3 2.0 117.6 42.9 

71 236 26 10.1 3.0 1.0 7.85 26.0 2.0 117.6 42.9 

77 257 26 9.2 3.0 1.0 8.15 23.9 2.0 117.6 42.9 

78 248 27 9.5 3.0 1.0 8.15 24.0 2.0 117.6 42.9 

82 244 26 9.1 3.0 1.0 8.01 23.5 2.0 117.6 42.9 

83 234 26 8.5 3.0 1.0 8.23 23.8 2.0 117.6 42.9 

84 226 26 8.5 3.0 1.0 8.20 23.8 2.0 117.6 42.9 

85 202 26 8.4 3.0 1.0 8.25 24.0 2.0 117.6 42.9 

88 226 26 8.5 3.0 1.0 8.22 24.3 2.0 117.6 42.9 

91 229 26 8.4 3.0 1.0 8.20 24.3 2.0 117.6 42.9 

92 222 26 9.1 3.0 1.0 8.15 25.3 2.0 117.6 42.9 

95 231 26 8.3 3.0 1.0 8.25 24.0 2.0 117.6 42.9 

97 259 26 8.9 3.0 1.0 7.97 24.0 2.0 117.6 42.9 

99 287 26 7.9 3.0 1.0 7.99 25.3 2.0 117.6 42.9 

103 260 26 8.1 3.0 1.0 8.19 25.5 2.0 117.6 42.9 

104 283 25 8.2 3.0 1.0 7.91 25.7 2.0 117.6 42.9 

106 275 26 8.3 3.0 1.0 8.06 26.0 2.0 117.6 42.9 

109 237 25 8.0 3.0 1.0 8.19 25.3 2.0 117.6 42.9 

111 289 26 8.4 3.0 1.0 8.00 24.8 2.0 117.6 42.9 

113 289 25 8.4 3.0 1.0 8.08 24.5 2.0 117.6 42.9 

118 263 27 8.0 3.0 1.0 8.25 25.0 2.0 117.6 42.9 

119 300 27 8.9 3.0 1.0 8.30 25.0 2.0 117.6 42.9 

122 270 28 8.9 3.0 1.0 8.33 24.8 2.0 117.6 42.9 

125 287 28 8.5 3.0 1.0 7.92 24.8 2.0 117.6 42.9 
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Table 2.6. Oxygen time variation (mg O2·L-1) of the dynamic simulation for each period of the 

modeled second experimental campaign.  

Time (min) P1 P2 P3 P4 P5 P6 

0 0.20 0.20 0.20 0.20 0.20 0.20 

5 1.05 0.50 0.90 1.10 0.50 1.5 

10 3.00 1.25 1.20 2.00 1.10 3 

15 1.05 3.00 3.00 1.20 3.00 1.60 

20 0.50 1.20 1.25 0.60 1.10 1.05 

25 0.20 0.70 0.80 0.40 0.60 0.60 

30 0.20 0.40 0.50 0.20 0.30 0.20 

35 0.20 0.20 0.20 0.20 0.20 0.20 

40 0.20 0.20 0.20 0.20 0.20 0.20 

45 0.20 0.20 0.20  0.20 0.20 

50  0.20 0.20  0.20 0.20 

55   0.20    

 

2.2.2. Biofilm model calibration 

Model calibration can be described as an iterative process to reproduce the observed 

values by adjusting input model parameters. The calibration procedure followed in this 

study was based on six main stages as proposed by Rieger [234], including 1) the 

identification of different calibration and validation datasets, 2) refinement of the stop 

criteria based on data quality and availability, 3) initial run of the model using default 

kinetics and stoichiometric parameter values on BioWin, 4) sensitivity analysis to obtain 

the reproduction of the biofilm models and optimize the efficiency of the calibration 

procedure, 5) calibration, and 6) validation. 

The sensitivity analysis allows to check the sensitivity of the output variables to varying 

parameters, inputs, or initial conditions. The sensitivity analysis of the biofilm parameters 

was carried out using the normalized sensitivity coefficient (Si,j), where i and j represent 

the input and output parameters, respectively. This coefficient is defined as the ratio 

between the output variable (Yi) and the input variable (Xi) (Eq. 1), as reported by Eldyasti 

et al. [213].  
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𝑆𝑖,𝑗 =  |

ΔY𝑖
𝑌𝑖

⁄

ΔX𝑖
𝑋𝑖

⁄
| 

 

(1) 

The influence of the parameters was interpreted as proposed by Julien et al. [235]. If Si,j 

is equal to zero, the parameters have no influence. For Si,j < 0.25, the influence of the 

parameter is not considered to be significant. If 0.25< Si,j < 1, the parameter is influential. 

If Si,j > 1, the parameters are very influential. The sensitivity analysis was carried out only 

for the first experimental campaign by increasing the selected parameter values by 5% 

compared to the default values and recording the effect on several output variables. Only 

the most influential parameters were considered for the calibration procedure. The 

analysis comprised 21 kinetic parameters of AOB, NOB, OHO, and PAO biomass, 5 

diffusion coefficients, and 4 biofilm parameters. 

The model calibration of the first experimental campaign was carried out using the 

monitoring data collected from periods P1 to P4 (Table 2.1). For the second experimental 

campaign, the model calibration was also performed using the monitoring data collected 

from periods P1 to P4 (Table 2.1) starting with the calibrated model from the previous 

experimental campaign. During the cultivation phase of the second experimental 

campaign, NOB growth in the MBBR was successfully inhibited by setting specific SRT, 

pH, and temperature conditions, as described in Section 2.1. To simulate the same 

conditions in the model, the µNOB and FZno parameters were set to 0 during a preliminary 

steady-state step.  

To compare the measured and simulated data in the calibration and validation procedure, 

the absolute variance Sai was chosen as the acceptance criterion (Eq. 2): 
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𝑆𝑎𝑖 =  |𝑦𝑠̅ − 𝑦𝑚̅̅ ̅̅ | (2) 

where ys is the average simulated data and ym is the average measured data. 

For each experimental campaign, the absolute variance Sai must be lower than 5% of ym. 

A maximum Sai value (Sai,max) of 2.5 mg N·L-1 was considered acceptable for N-NH4
+, N-

NO3
-, and N-NO2

- concentrations. For COD and total P concentrations, maximum values 

of 20 mg COD·L-1 and 1.0 mg P·L-1 were considered. Furthermore, Thiel’s inequality 

coefficient (TIC), as suggested by Hvala [236], (Eq. 3), and the normal objective function 

(NOF), as shown in Eq. 4 [27], were chosen as additional acceptance criteria. 

𝑇𝐼𝐶 =  

√∑ (𝑦𝑖 − 𝑦𝑚,𝑖)
2

𝑖

√∑ 𝑦𝑖
2

𝑖 + √∑ 𝑦𝑚,𝑖
2

𝑖

 

 

(3) 

. 

𝑁𝑂𝐹 =  √∑ (𝑦𝑖 − 𝑦𝑚,𝑖)
2

𝑖

𝑁
 

𝑁

∑ 𝑦𝑖𝑖
 

(4) 

𝑦𝑖 represents the measured data points, 𝑦𝑚,𝑖 represents the simulated data points, and N 

is the number of data points [237]. 

TIC values should be between 0 and 1, with values closer to 0 indicating a better model 

validity [27]. Zeng et al. [237] suggested that the values of TIC that do not exceed 0.3 are 

usually considered evidence of good agreement between the time series. Moreover, NOF 

values < 1 reveal good reproducibility between the experimental and modeled data. 
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2.3. Results and discussion 

2.3.1. Modeling complete and shortcut SND in continuous-flow 

IAMBBR 

2.3.1.1. Sensitivity analysis 

The significant results of the sensitivity analysis for the soluble COD, N-NH4
+, N-NO3

-, 

N-NO2
-, and P-PO4

3- concentrations, as well as for biomass thickness, are reported in 

Figure 2.1. 
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Figure 2.1. Influence of the main process parameters on the soluble COD, N-NH4
+, N-NO3

-, N-

NO2
-, P-PO4

3- concentrations trend and modeled biomass thickness obtained in the first 

experimental campaign 

The sensitivity analysis showed that the significant factors for COD and N-NH4
+ 

abatement were linked to the growth of the heterotrophic and autotrophic biomass (i.e., 

µH and µAOB), respectively (Figure 2.1). The N-NO3
- concentration was influenced by the 
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kinetic parameters of NOB (i.e., bNOB,aerobic and bNOB,anoxic/anaerobic), OHO (bH,anoxic), PAO 

(µPAO), and mainly by oxygen diffusivity in the biofilm, which can be ascribed to high 

sensitivity of denitrifiers to oxygen. Typically, the presence of oxygen has a detrimental 

effect on denitrifying activity through enzyme inhibition or alteration of their gene 

expression [238]. The NO2
- concentration was mainly sensitive to changes in the kinetic 

parameters of NOB (baerobic, NOB, banaerobic, NOB, µNOB, KSB,NOB) and oxygen diffusivity in the 

biofilm. For typical BNR, the NO2
- generated from NH4

+ oxidation is subsequently 

oxidized to NO3
- by NOB under aerobic conditions [120]. Therefore, a DO limitation 

could lead to NOB inhibition and a subsequent increase in NO2
- concentration. For P-

PO4
3- concentration, the most significant variations were related to the change of the 

kinetic parameters of OHO (bH,aerobic, µH, KSB,OHO) and PAO (bPAO,anoxic/aerobic) due to 

substrate competition between PAO and denitrifiers [239]. Furthermore, changing the 

attachment and detachment rates significantly affected the biofilm thickness. Precisely, 

particulate attachment and detachment rates have a major role in establishing biofilm 

thickness, dynamics, and biomass activity in the system [230]. Particulate detachment in 

this model is influenced by bulk particulate concentration. Detachment is a composite 

function that takes into account key variables that affect film detachment, including film 

thickness, EPS strength coefficient, and the effects of N2 or CH4 gas generation in the 

deeper layers of the film. Biofilm development is determined by a combination of 

physical and physiological processes, including attachment, cell growth, endogenous 

decay, and detachment [240]. The particulate attachment rate in BioWin is related to the 

bulk particulate concentration, while the detachment rate is a combined function 

reflecting the most important variables affecting film detachment, such as film thickness, 

extracellular polymerase substances (EPS) strength coefficient, and the effect of N2 or 
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CH4 gas generation inside the deeper film layers. Figure 2.2 shows the sensitivity analysis 

conducted on the average biomass concentrations of the main microbial functional groups 

present in the bioreactor, including AOB, NOB, OHO, and PAO. The results of the 

sensitivity analysis confirmed that attachment and detachment rates had a significant 

impact on the growth of microorganisms. Specifically, an increased detachment rate 

results in a higher concentration of the active biomass in the biofilm. This can be 

explained by the fact that in systems with a high detachment (or shear) force, the biofilm 

becomes more compact, with less filamentous structure growth [241]. This results in an 

increase in biomass in the biofilm. 

 

Figure 2.2. Sensitivity analysis results of the average biomass concentrations of the main 

functional groups present in the biofilm obtained for the first experimental campaign. 
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2.3.1.2. Model calibration 

Table 2.7 shows the kinetic, stoichiometric, and biofilm parameters used in the dynamic 

model calibration for the two experimental campaigns compared with their default values 

in BioWin and literature values. 

Table 2.7. Calibration of the parameters of the dynamic models of the two experimental 

campaigns. 

 Unit  Experimental 

campaign  

I 

Experimental 

campaign  

II 

BioWin 

Default 

Literature 

Range 

Reference 

Detachment 

rate 

d-1 4000 4000 8000 - This study 

YH mg COD·mg COD-1 0.540 0.540 0.666 0.21-0.90 [27, 40] 

YPAO mg COD·mg COD-1 0.520 0.520 0.639 0.625-0.821 [243] 

bH,anoxic d-1 0.62 0.62 0.233 0.2-0.6 [22, 33], 

[35, 38] 

KSB, OHO mg COD·L-1 5 5 5 5-20 [245] 

KO2,OHO mg O2·L
-1 0.15 0.15 0.15 0.05-0.20 [15, 17], 

[39] 

Anoxic growth 

factor,OHO 

- 0.2 0.2 0.5 - This study 

bPAO,anoxic/anaerob d-1 0.20 0.10 0.10 0.15-0.20 [31, 41] 

KP uptake mg P·L-1 0.5 0.2 0.15 - This study 

KO2, PAO mg O2·L
-1 0.025 0.025 0.05 - This study 

KSB,AOB mg N·L-1 1.20 1.20 0.7 1 [248] 

µAOB  0.7 0.9 0.9 0.77- 1 [27, 31] 

KO2, AOB mg O2·L
-1 1.09 1.3 0.25 0.2-0.75 [234] 

KSB,NOB mg N·L-1 1.0 0.7 0.1 - This study 

KO2,NOB mg O2·L
-1 0.89 1.10 0.5 0.2-0.75 [27, 31] 

According to Eldyasti et al. [213] and Boltz et al. [249], three sequential calibration 

changes should be followed in biofilm processes to fit the experimental data: (1) the 

biofilm thickness (by setting the appropriate values of the attachment and/or detachment 
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rates), (2) the biomass stoichiometry parameters, and finally (3) the kinetics. In biofilm 

models, the biofilm thickness is predominantly governed by the detachment rate. 

Therefore, the first step was to calibrate the biofilm thickness by gradually reducing the 

detachment rate up to 50% compared to its default value. According to the model results, 

as the detachment rate decreases, the biofilm thickness tends to increase. The reduction 

was made not to exceed a biofilm thickness of 1.5 mm, a value consistent with 

experimental observations [21,83]. After the adjustment of biofilm thickness, in 

accordance with the calibration procedure [213], the default values of stoichiometric 

coefficients of OHO and PAO, i.e., YH and YPAO, were calibrated and reduced from 0.666 

to 0.540 and 0.639 to 0.520 mg COD·mg COD-1, respectively. Other studies on 

experimental biofilms [250] have reported even lower yields than those used in this study. 

In a previous study, Eldyasti et al. [213] observed a YH value of 0.36 mg COD∙mg COD-

1 in fluidized bed respirometers. In another study aimed at modeling the process of partial 

nitrification and denitrification in a hybrid biofilm reactor, a YH value of 0.52 mg COD∙mg 

COD-1 was found. Furthermore, for the application of biofilm mathematical models, 

Trojanowicz et al. [242] recommend YH values ranging from 0.206 to 0.900 mg COD∙mg 

COD-1. 

Regarding the calibration of kinetic parameters, it was necessary to intervene on the 

heterotrophs by reducing the anoxic growth factor of OHO, which in the model represents 

the fraction of microorganisms capable of growing under anoxic conditions, and/or by 

reducing the growth rate under anoxic conditions, while at the same time increasing the 

default value of bH,anoxic. These modifications are consistent with the consideration that 

the high SRTs of attached growing systems are compatible with higher decay rates 

compared to the activated sludge process. Specifically, the anoxic factor of OHO biomass 
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and bH,anoxic were set at 0.2 and 0.62 d-1, respectively. Other changes involved a reduction 

in PAO growth kinetics. To better match the experimental and calibrated results of the 

first experimental campaign, the decay coefficient bPAO,Anoxic/aerob was increased from 0.1 

to 0.2 d-1 according to Henze [246]. These changes were made considering that in the 

absence of a specific anaerobic phase, typical PAO does not develop in the reactor. 

Indeed, microbial community analyses performed on the carrier-attached biomass 

collected from the experimental reactor showed high relative abundances of atypical P-

accumulating denitrifiers (e.g. Hydrogenophaga) [21] characterized by accumulation 

rates lower than those of typical PAO bacteria [251]. Hence, KPuptake was increased from 

0.15 to 0.50 mg P·L-1 in the first and to 0.20 mg P·L-1 in the second experimental 

campaign. This parameter stops the growth of PAO biomass with polyphosphate storage 

at low soluble P concentration, thus impacting the concentration of soluble effluent P. In 

addition, to accurately reproduce experimentally measured N removals at low 

concentrations, other parameters that were acted upon are KO2, AOB and KO2, NOB, which 

were increased from 0.25 to 1.09 and 0.89 mg O2·L
-1 in the first experimental campaign 

and from 0.5 to 1.3 and 1.1 mg O2·L
-1 in second experimental campaign in order to limit 

NH4
+ and NO2

- oxidation respectively by AOB and NOB at low DO conditions [230]. 

The difference in calibration between the two experimental campaigns is acceptable due 

to the different biomass cultivation methods and operational conditions [21,83]. 

2.3.1.3. Model validation 

After calibration, the model of the first experimental campaign was validated using data 

from different periods (P5-P6) than those used for calibration (P1-P4) (Table 2.1). Figure 

2.3 shows the simulations performed on both the calibration and validation periods.  
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Figure 2.3. Comparison of measured and simulated effluent concentrations of soluble COD, N-

NH4
+, N-NO3

-, N-NO2
-, and P-PO4

3- obtained during the first experimental campaign. The 

minimum detectable concentrations were equal to 10 mg·L-1 for COD and 0.2 mg·L-1 for N-NH4
+, 

N-NO3
-, N-NO2

-, and P-PO4
3-.  

Table 2.8 reports the absolute variance Sai as well as the TIC and NOF indicators used 

for the calibration and validation of the model.  
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Table 2.8. Absolute variance Sai, Thiel’s inequality coefficient (TIC), and the normal objective 

function (NOF) used as acceptance criteria in the calibration and validation processes of the first 

experimental campaign.  

Calibration model 

 Sai [mg·L-1] TIC NOF 

Soluble COD  9.5 - - 

N-NH4
+ 0.2 0.42 1.10 

N-NO3
- 1 0.14 0.32 

N-NO2
- 0.4 0.23 0.55 

P-PO4
3- 0.0 0.19 0.40 

Validation model 

 Sai [mg·L-1] TIC NOF 

Soluble COD  - - - 

N-NH4
+ 0.0 0.43 1.10 

N-NO3
- 1 0.19 0.44 

N-NO2
- 1.2 0.50 0.95 

P-PO4
3- 1.8 0.33 0.92 

Sai = average value in the calibration and validation periods.  

The indicators show a good correspondence between experimental and modeled values, 

and the soluble COD, N-NH4
+, N-NO3

-, N-NO2
-, and P-PO4

3- concentrations showed a 

similar trend compared to the experimental data (Figure 2.3, Table 2.8). The higher 

discrepancy observed in the fit of the data was related to the concentration of soluble 

COD in P1. Specifically, for the soluble COD, it was not possible to evaluate the 

concentrations because all measured data were below the analytical detection limit (<10 

mg COD·L-1). For N-NH4
+ and N-NO2

- concentrations, the obtained TIC and NOF values 

during calibration and validation can be accepted due to the low effluent NH4
+ and NO2

- 

concentrations. It should be noted that the acceptance indicators refer to the relative 
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difference. Therefore, a small absolute variation could produce a significant relative 

deviation if values are low. The other acceptance indicators are perfectly within the 

literature ranges. Consequently, the results obtained for all analyzed parameters showed 

a good simulation of data by the calibrated model. 

The validation procedure of the second experimental campaign was also carried out using 

a different dataset (P5-P6) instead of calibration periods (P1-P4) (Table 2.1). Figure 2.4 

shows the results obtained from the calibration and validation steps.  

 

Figure 2.4. Comparison of measured and simulated concentrations in terms of N-NH4
+, N-NO3

-, 

N-NO2
-, and P-PO4

3- for the second experimental campaign. The minimum detection values for 

the ion concentrations were equal to 0.2 mg·L-1.  
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The measured COD values were lower than the detection values, thus it was not possible 

to compare them to the simulated data. The calibrated model showed a good reproduction 

of the measured data for all analyzed parameters (Figure 2.4). The peak in the plot of the 

N-NO3
- concentration was caused by a sudden change in aeration patterns from 

microaerobic to aerobic conditions with the aim of reproducing the reactor operating 

conditions (Figure 2.4b). Indeed, due to a malfunctioning of the DO control system, on 

day 69 an increase in DO concentration to approximately 5 mg·L-1 was observed and 

lasted for two days, resulting in an unexpected growth of NOB biomass [83]. For these 

days only, the DO concentration in the model was set to the fixed value of 5 mg·L-1 to 

reproduce the experimental conditions. 

Table 2.9 shows the results of Sai, TIC, and NOF used as acceptance criteria in the 

calibration and validation processes of the second experimental campaign.  
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Table 2.9. Absolute variance Sai, Thiel’s inequality coefficient (TIC), and the normal objective 

function (NOF) used as acceptance criteria in the calibration and validation processes of the 

second experimental campaign. The measured COD values could not be compared with the 

simulated data due to the COD value being lower than the detection value.  

Calibration model 

 Sai [mg L-1] TIC NOF 

N-NH4
+  0.0 0.38 0.98 

N-NO3
- 0.2 0.46 2.33 

N-NO2
- 1.1 0.64 1.12 

P-PO4
3- 0.1 0.25 0.56 

Validation model 

 Sai [mg L-1] TIC NOF 

N-NH4
+  0.8 0.48 0.95 

N-NO3
- 0.3 0.33 0.69 

N-NO2
- 1.3 0.66 1.10 

P-PO4
3- 0.9 0.25 0.40 

Sai = average value in the calibration and validation periods.  

For the N-NH4
+ and N-NO2

- concentrations, even if TIC and NOF are higher than the 

acceptance threshold, the calibrated model can be accepted due to the low absolute 

variance values. For the N-NO3
- and P-PO4

3- concentrations, the TIC and NOF indicators 

are perfectly within the literature ranges, thus indicating the goodness of fit of the 

calibrated and validated mathematical model. 

2.3.2. Evolution of microbial functional groups in the biofilm 

The trends of the biomass composing the microbial biofilm within the MBBRs for the 

two modeled campaigns are shown in Figure 2.5. 



77 

 

 

Figure 2.5. Biofilm biomass trend during the first (a) and second (b) modeled campaign.  

Biomass trends for the first campaign (Figure 2.5a) showed a slight growth of AOB 

biomass, except in P6, as confirmed by Iannacone et al. [21].  The trend of NOB biomass 

was quite steady, with a gradual increase during P4 due to the higher value of DO (Table 

2.1). As expected, the trend in OHO and PAO biomass was dependent on the change in 

COD concentration. During P2-P5, there was a slight decrease in the concentrations of 

OHO and PAO biomass due to the lower COD levels in the system, while an increase in 

OHO and PAO biomass was observed during P6 in accordance with the higher COD 

concentrations in the experimental data [21]. 

The simulated trends of AOB and NOB biomass during the second campaign are shown 

in Figure 2.5b. The NOB and AOB biomass trends agree with the experimental results. 

From day 65, due to the increase in DO concentration in the reactor, the NOB biomass 

increased. Instead, the AOB biomass remained constant in all experimental periods.  
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2.3.3. Model optimization of the shortcut SND process 

The experimental results of the second campaign confirmed the advantages of the shortcut 

SND process over complete SND in terms of removal efficiency for the various 

contaminants. For this reason, the validated model of this campaign was used to test 

alternative scenarios to improve N removal while ensuring successful NOB inhibition. 

The modeled scenarios involved changes in the aeration conditions, pH, and HRT, as 

shown in Table 2.10.  

Table 2.10. Modeled scenarios for the shortcut SND process with different aeration patterns, pH, 

and HRT. 

Scenario  Proposed actions  

1 1.0 Intermittent aeration without DO failure (0.2-3.0 mg O2·L-1) 

1.1 DO range equal to P4 period of second campaign (0.2-2.0 mg O2·L-1)  

1.2 DO concentration = 0.8 mg O2·L-1 

1.3 DO concentration = 0.6 mg O2·L-1 

2 2.1 pH value = 8.1 (starting condition) 

2.2 pH value = 6.5 

2.3 pH value = 8.4 

2.4 pH value = 9.0 

3 3.1 HRT value = 1.0 d 

3.2 HRT value = 0.9 d 

3.3 HRT value = 0.75 d 

3.4 HRT value = 0.5 d 

First, the shortcut SND in the MBBR was modeled without considering the DO control 

malfunctioning during days 65-67 in order to assess the potential of intermittent aeration 

conditions to inhibit NOB growth effectively.  



79 

 

Figure 2.6 illustrates the results in terms of N-NH4
+, N-NO3

-, AOB, and NOB biomass 

under intermittent aeration conditions.  

 

Figure 2.6. Comparison of simulated effluent nitrogen (N-NH4
+, N-NO3

-) and biomass (AOB, 

NOB) concentration trends under experimental and modeled (without DO system failure) 

intermittent aeration conditions.  

The results confirm that intermittent aeration can effectively induce and maintain NOB 

inhibition. Comparing the experimental and simulated data (intermittent aeration without 

failure), no significant difference can be noted in N-NH4
+ removal and AOB biomass 

concentration. In contrast, the abrupt growth of NOB biomass observed by modeling the 

experimental data, caused by the DO malfunction, produced an increase in N-NO3
- 

concentration, which was completely absent in the simulated data. 
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The optimization scenarios presented in Table 2.10 and discussed below use the 

simulation in the absence of DO control failure as a reference for comparisons. Starting 

from the validated model of the second campaign, the first step of optimization concerned 

the simulation of different aeration conditions, as reported in Table 2.10. Figure 2.6 

shows the profiles of N-NH4
+, N-NO3

-, and N-NO2
- concentrations for all optimization 

scenarios considering the starting conditions of pH (8.1) and HRT (1 d).   

 

Figure 2.6. Temporal profiles of the simulated concentrations of nitrogenous compounds, AOB, 

and NOB for the different aeration scenarios.  
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Specifically, a constant DO concentration of 0.6 mg O2·L
-1 had a negative impact in terms 

of N-NH4
+ removal, as it reduced AOB activity. Instead, a constant DO value of 0.8 mg 

O2·L
-1 caused excessive growth of the NOB biomass, resulting in a breakthrough of NO3

- 

and NO2
- concentrations. By comparing the simulated data in Figure 2.6, it is clear that 

the intermittent aeration conditions (without DO failure) represent the best strategy for 

the efficient removal of N-NH4
+, N-NO3

- and N-NO2
- as it resulted in maximum effluent 

values below 5.5, 0.4 and 1.7 mg N∙L-1, respectively. 

In a second optimization step, the effect of changing the pH from 9.0 to 6.5 was evaluated, 

as shown in Figure 2.7. 
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Figure 2.7. Temporal profiles of the simulated concentrations of nitrogenous compounds, AOB, 

and NOB for different pH values.  

 According to Rahimi et al. [11], pH values ranging from 7.5 to 8.5 benefit NO2
- 

accumulation. Compared to the initial conditions, all proposed pH changes caused an 

increase in the N-NH4
+ level in the reactor. In particular, the highest N-NH4

+ increase was 

observed at pH 9.0 due to AOB inhibition [252], although this pH also resulted in the 

highest NOB inhibition [253]. On the other hand, the lowest simulated pH value of 6.5 

did not improve N removal, as it led to a slight increase in N-NH4
+ concentration. 
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Comparing the results obtained for a pH of 8.4 and 8.1, a higher NOB inhibition was 

observed at pH of 8.4 with no significant changes in AOB biomass and N-NH4
+ 

concentrations. Thus, based on these simulations, a pH value of 8.4 can be considered the 

best solution to obtain sufficient NOB inhibition and good N removal efficiency, with an 

average effluent N-NH4
+, N-NO3

- and N-NO2
- concentrations of 2.6, 0.04 and 0.5 mg N∙L-

1, respectively. Based on the results of the first experimental campaign regarding the 

benefits of HRT reduction from 2 to 1 d [82], the impact of a further HRT reduction from 

1 to 0.5 d was simulated by increasing the influent flow rate (Figure 2.8).  

 

Figure 2.8. Temporal profiles of the simulated concentrations of nitrogenous compounds, AOB, 

and NOB for different HRTs.  
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Figure 2.8 shows that an HRT reduction to 0.75 and 0.5 d caused an inhibition of the 

nitrifying activity. An HRT of 0.5 d led to the maximum decrease in AOB biomass to a 

value of 0.01 g at the end of the simulation period. Compared to the results obtained at 

an HRT of 1 d, an HRT reduction to 0.9 d resulted in a higher NOB inhibition and average 

N-NH4
+, N-NO3

- and N-NO2
- concentrations of 4.0, 0.02, and 0.07 mg·L-1, respectively, 

indicating favourable conditions for the shortcut SND process. 

2.4. Conclusions 

Mathematical modeling successfully reproduced complete and shortcut SND processes 

in lab-scale MBBRs based on the results obtained from two different experimental 

campaigns. The sensitivity analysis was an effective tool to identify the most important 

parameters of the biofilm model. The calibrated and validated models showed a similar 

trend for N-NH4
+, N-NO3

-, N-NO2
-, and P-PO4

3- concentrations compared to the 

experimental data. For all analyzed parameters, the TIC values ranged between 0.14 and 

0.66 indicating a considerable model validity. Moreover, NOF values were almost 

constantly below 1 revealing an acceptable reproducibility between the experimental and 

modeled data. On the other hand, higher TIC and NOF values can be accepted due to the 

low absolute Sai variance values. Process optimization via model simulation of different 

scenarios allowed to identify the best operating conditions to maximize N removal 

through the shortcut SND process. The results confirm that intermittent aeration can 

effectively induce and maintain NOB inhibition in the reactor with an average N-NO3
- 

concentration of 0.05 mg N·L-1. A pH value of 8.4 resulted in sufficient NOB inhibition 

and a low effluent N-NH4
+ concentration of 2.57 mg N·L-1 (on average). An HRT of 0.9 

d can be considered optimal as it resulted in average effluent N-NH4
+, N-NO3

-, and N-

NO2
- concentrations of 4.0, 0.02, and 0.07 mg·L-1, respectively.  
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CHAPTER 3  

Impact of Influent Composition and Operating 

Conditions on Carbon and Nitrogen Removal from 

Urban Wastewater in a Continuous-Upflow 

(Micro)Aerobic Granular Sludge Blanket Reactor 
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3.1. Introduction 

In the last decades, the increasing urbanization and industrialization have caused an 

increase in wastewater production and discharge of carbonaceous and nitrogenous 

compounds especially in developing countries, leading to oxygen depletion and 

eutrophication in surface waters [254]. Biological processes in wastewater treatment 

plants (WWTPs) are often performed within conventional activated sludge (CAS) 

systems for the removal of organic matter and within the modified Ludzack-Ettinger 

(MLE) process, consisting of separate denitrification and nitrification steps, for combined 

carbon (C) and nitrogen (N) removal. However, current research is looking for alternative 

solutions to improve treatment efficiencies while minimizing capital and operational costs 

[172].  

In this regard, the simultaneous nitrification and denitrification process (SND) is one of 

the promising alternatives to the MLE cycle in WWTPs for the treatment of urban 

wastewaters due to lower carbon demand for denitrification and reduced sludge 

production [122], lower energy for aeration [233], and smaller footprint [255]. 

Specifically, SND is capable to completely remove N in a single-stage system under 

specific operating conditions, thus differently from what occurs in MLE systems. The 

SND process is affected by environmental and operating factors such as pH, temperature, 

dissolved oxygen (DO), hydraulic retention time (HRT), feed carbon to nitrogen (C/N) 

ratio, diffusion limitations inside flocs or biofilm, microbial competition, and type of 

influent wastewater [58]. These factors play an essential role in regulating the balance 

between the different bacterial communities as well as the process efficiency [42,255].  

Up to now, processes allowing the concomitant removal of C and N, such as SND, have 

been investigated in different bioreactor configurations, such as the sequencing batch 
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reactor (SBR) [58,256], moving bed SBR (MBSBR) [74], sequencing batch biofilm 

reactor (SBBR) [257], moving bed biofilm reactor (MBBR) [83], and aerobic granular 

sludge (AGS) system [58,255]. Generally, the use of biofilm-based systems promotes the 

coexistence of different microbial communities and allows higher concentration of active 

biomass, while reducing space requirements and sludge production compared to 

suspended-floc systems, such as CAS and MLE [94]. AGS integrates the characteristics 

of suspended-growth and biofilm systems, as it leads to the formation of microbial 

aggregates without any support and having a structure similar to biofilms [258]. The 

different DO gradients and redox profiles within the aerobic granules result in the 

formation of (micro)aerobic, anoxic, and anaerobic zones, promoting the coexistence of 

nitrifiers, denitrifiers, and anaerobic organic-degrading bacteria [259], respectively, and 

enabling concomitant organics and nutrients removal [58]. 

Granular sludge was first discovered in upflow anaerobic sludge blanket (UASB) systems 

in the 1980s [260], and has mainly been employed for anaerobic digestion [261] or 

removal of oxyanions under anoxic conditions [262]. At the end of 1980s, granular sludge 

was also applied in aerobic reactors to cope with high organic and nutrient loads [263]. 

Although aerobic granules were first reported in a continuous upflow aerobic granular 

sludge blanket (UAGSB) system [58,95], in recent years AGS has mainly been cultivated 

in SBRs and stood out as a reliable technology at laboratory [258], pilot [264] and full 

scale [265]. Nonetheless, a continuous-flow AGS system might be advantageous over 

SBRs for large-scale operations due to the lower installation costs and easier operation, 

maintenance, and control [122,260]. However, aerobic granule formation is a complex 

process influenced by some parameters. Several studies have reported that selection 

pressure is the primary factor for successful aerobic granulation [266,267]. The main 
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selection pressures affecting the development of aerobic granules include shear force, 

volumetric exchange ratio, settling time and aeration intensity [202]. Weak selection 

pressures, such as low shear and long settling times, can inhibit granulation, whereas 

strong selection pressures are required to initiate aerobic granule development [268]. In 

addition, one of the main challenges for an effective continuous-flow AGS operation is 

the long-term physical stability of the granules, which is affected by several factors such 

as the C/N ratio, aeration intensity, as well as organic and nitrogen loading rates [193]. 

Hence, a fundamental aspect to be further investigated in continuous-flow AGS systems 

is represented by C and N removal at different DO concentrations, feed C/N ratios and 

HRTs [188]. A proper DO control strategy is a requirement for the selection and 

maintenance of key bacteria for the SND process, such as ammonia oxidizing bacteria 

(AOB) and nitrite oxidizing bacteria (NOB) [269] and also for achieving the alternation 

of feast and famine phases which is an essential factor for the start-up of the AGS 

continuous-flow reactor [270]. Decreasing aeration requirements for wastewater 

treatment is crucial to limit the carbon footprint and operational costs of WWTPs. In fact, 

studies have shown that aeration system energy consumption can account for 30-76 % of 

total energy consumption in sewage treatment plants [220,271–275]. 

Besides, wastewater composition and the HRT can strongly influence the performance of 

continuous-flow AGS systems and their influence under different DO conditions should 

be assessed. Typically, high C/N ratios (> 10) are beneficial for the long-term operation 

of AGS systems in terms of both the granular integrity and efficiency [276]. The HRT of 

continuous-flow AGS should be chosen appropriately to avoid the wash-out of the 

granules and system instability [277,278].  
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Although the use of continuous-flow conditions in AGS systems have been reported to 

make granulation less favorable, the good performance and properties of this technology, 

along with the fact that most large-scale plants are operated in a continuous mode, 

encourage further research and development [279]. Only a few studies have focused on 

defining optimal operating conditions to achieve high removal efficiencies in terms of 

organic matter and nitrogen (Table 3.1). Also, previous continuous-flow AGS bioreactor 

experiences lasted less than 100 d [280], indicating that limited information regarding 

long-term AGS bioreactor operations can be drawn. Studies assessing the influence of 

different operating conditions and long-term operation on the system performance are 

necessary to promote large-scale application while trying to reduce the operating costs 

for urban wastewater treatment.  

Hence, in this work the performance of a continuous-flow double-column UAGSB 

reactor was studied for a period of 306 days to investigate the effect of different DO 

concentrations, feed C/N ratios and HRTs on the COD, N-NH4
+ and total inorganic 

nitrogen (TIN) removal as well as on the evolution of the different N species. Batch 

activity tests were also run to assess the denitrification activity in the bioreactor. 

Moreover, a first estimation of the capital and operating costs associated with the UAGSB 

reactor was performed to better evaluate whether the process could result in economic 

savings as compared to a MLE system. 
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Table 3.1. COD, TIN, and N-NH4
+ removal efficiencies (REs) for synthetic and real urban 

wastewater in continuous-flow aerobic and anaerobic granular sludge reactors. 

Urban wastewater 

characteristics 

Reactor  

configuration 
Process conditions Scale 

NH4
+ – N RE 

(%) 

COD RE 

(%) 

TN RE 

(%) 
Reference 

Synthetic 

COD = 144 – 

628 mg∙L-1 

N-NH4
+= 20-

72 mg∙L-1 

Micro-aerobic 

granular 

sludge reactor 

DOinflux = 0.11 – 0.25 

g∙L-1∙ d-1 

HRT = 5 – 10 h 

Lab-scale, 

V = 18 L 
40 – 86 93 – 95 51 – 82 [276] 

Real 
COD = 150 – 

300 mg∙L-1 
UASB 

HRT = 10 – 48 h 

T= 20°C 

Lab-scale, 

V = 8 L 
/ 82 – 86 / [32] 

Real 

COD = 602 – 

866 mg∙L-1 

N-NH4
+= 48 

mg∙L-1 

UASB 

HRT = 8.8 – 24 h 

T = 25 – 30°C 

Pilot-scale, 

V = 2.75 

m3 

/ 
60 (as 

sCOD) 
/ [33] 

Real 

COD = 450 – 

8150 mg∙L-1 

N-NH3
+= 

31.2-141.9 

mg∙L-1 

UASB 

HRT = 24.85–106.85 

h 

T = 22.4–30.7°C 

Real-scale, 

7800 m3 
/ 45 – 88 25.3 [34] 

Synthetic 

COD = 500 

mg∙L-1 

TN = 50 – 56 

mg∙L-1 

UASB 

HRT = 9 – 22 h 

T=25-35°C 

Lab-scale, 

V = 0.9 L 
/ 84 – 94 <73 

[35] 

Synthetic 
N-NH4

+= 512 

– 594 mg∙L-1 

Continuous-

flow airlift 

reactor (ALR) 

HRT = 5.41 – 22.8 h 

Lab-scale, 

V = 9.2 L 
94.4 – 100 / / [281]  

Synthetic 

Organic 

loading rate 

(OLR) = 7.0 

kg COD∙m-

3∙d-1 

N-NH4
+*= 21 

mg∙L-1* 

Continuous 

flow aerobic 

granular 

sludge reactor 

HRT = 24 h 

Lab-scale, 

V= 6.8 L 
/ 83 – 84 / [282]  

Real 

COD = 200 – 

400 mg∙L-1 

N-NH4
+= 30 

– 40 mg∙L-1 

Modified 

oxidation 

ditch (MOD) 

HRT = 3 h 

Lab-scale, 

V = 60 L 
95 

90 (as 

BOD5) 
/ [265] 

Synthetic 

COD* = 514 

mg∙L-1 

N-NH4
+*= 63 

mg∙L-1 

Continuous 

flow aerobic 

granular 

sludge reactor 

DO = 0.3 -3.5 mg 

O2∙L-1 

HRT = 10 h 

Lab-scale, 

V = 890 

mL 

/ 85 / 

[283]  

 

Synthetic 

COD = 350 – 

1500 mg∙L-1 

N-NH4
+*=  

53.3 mg∙L-1 

Continuous 

flow aerobic 

granular 

sludge reactor 

DO = 7.0 mg O2∙L-1 
Lab-scale 

V= 11.9 L 6 – 60 90 – 97 / 
[284]  
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Urban wastewater 

characteristics 

Reactor  

configuration 
Process conditions Scale 

NH4
+ – N RE 

(%) 

COD RE 

(%) 

TN RE 

(%) 
Reference 

Synthetic 

COD = 195 – 

604 mg∙L-1 

N-NH4
+= 

37.9 – 45.3 

mg∙L-1 

Continuous 

upflow 

aerobic 

granular 

sludge 

blanket 

DO = 0.01 – 6.0 mg 

O2∙L-1 

C/N = 4.7 – 13.5 

HRT = 6 – 24 h 

Lab-scale, 

V = 600 

mL 
63 – 100 61 – 88 

28 – 88 

(as TIN) 

This study 

* Stoichiometrically calculated 
 

3.2. Materials and Methods 

3.2.1. Wastewater composition and source of inoculum 

The synthetic wastewater used as influent for the UAGSB reactor was prepared by using 

two different liquid media (A and B) [285], a trace element solution [286] and tap water. 

Medium A was composed of 3.32-13.3 g∙L-1 of sodium acetate trihydrate 

(CH3COONa∙3H2O) as organic carbon source and 0.912 g∙L-1 of magnesium sulfate 

eptahydrate (MgSO4∙7H2O). Medium B contained 1.98 g∙L-1 of ammonium chloride 

(NH4Cl) as N-NH4
+ source, 0.555-5.226 g∙L-1 of dipotassium hydrogen phosphate 

(K2HPO4) as P-PO4
3- source and 0.175 g∙L-1 of potassium chloride (KCl). The influent 

was prepared by mixing 150 mL of medium A, 150 mL of medium B, 10 mL of trace 

element solution, and 1300 mL of tap water. Acetate supplementation was varied along 

the study, resulting in an influent COD concentration ranging from 195 to 617 mg COD∙L-

1 and a feed C/N ratio ranging from 4.7 to 13.6 (Table 3.2). Furthermore, the feed 

phosphorus (P) concentration was maintained in the range of 56.4-79.4 mg∙L-1 (on 

average) during the batch phase and the first period of the continuous phase to stimulate 

biomass growth, while lower P concentrations in the range of 6.7-11.8 mg∙L-1 were 

maintained in the feed during the remaining periods to simulate P levels in a real 

municipal wastewater (Table 3.2). The influent NH4
+ concentration was maintained 

stable throughout the UAGSB operation at a value of 40.7 ± 5.0 mg N∙L-1. The inoculum 
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used for the start-up of the bioreactor was composed of AGS collected from a 1 L lab-

scale SBR operated by Sguanci et al. [287]. 

Table 3.2. Operating conditions and duration of each experimental period during the continuous-

flow operation of the UAGSB reactor. 

Period 
Duration 

(days) 

DO range 

(mg∙L-1) 

HRT 

(h) 

Feed P-

PO4
3- 

(mg∙L-1) 

Feed 

COD 

(mg∙L-1) 

Feed N-

NH4
+ 

(mg∙L-1) 

Feed C/N 

I 0-30 4.0-6.0 24 56.4±25.0 552±55 38.8±6.4 12.1±1.4 

II 31-37 2.0-4.0 24 7.5±1.8 604±62 45.3±2.5 13.3±1.4 

III 38-65 1.0-2.0 24 8.2±4.8 543±47 43.3±2.9 12.7±1.5 

IV 66-87 0.02-1.60 24 6.6±3.1 571±45 42.6±4.3 13.5±1.4 

V 88-130 0.12-2.09 24 8.7±3.1 287±141 39.9±8.5 7.0±2.5 

VI 131-160 0.10-2.07 24 6.7±2.2 195±30 42.1±2.0 4.7±0.9 

VII 161-193 0.03-1.86 24 9.7±2.7 324±47 40.8±2.2 8.0±1.1 

VIII 194-220 0.01-0.30 24 10.5±2.9 560±80 41.5±4.3 13.6±2.2 

IX 221-258 0.01-1.22 12 12.7±3.6 472±54 41.4±2.1 11.4±1.4 

X 259-306 0.01-0.07 6 10.5±1.8 455±30 37.9±3.3 12.1±1.2 

3.2.2. Experimental set-up 

As shown in Figure 3.1, the experimental set-up included two laboratory scale glass 

columns (0.6 L each), one used as the main bioreactor and the other as an aeration column. 

A 205S peristaltic pump (Watson-Marlow, UK) was used for influent feeding and effluent 

suction from the bioreactor. The aeration was performed in a separate column to avoid 

the loss of biomass from the top of the reactor and prevent damaging of the granules due 

to impact with air bubbles [41]. The effluent from the bioreactor was oxygenated in the 

aeration column and recirculated at the bottom of the bioreactor with a 505U peristaltic 

pump (Watson-Marlow, UK) at a flow rate between 20 and 40 mL∙min-1. Air was 

transferred to the aeration column at a flow rate ranging from 0 to 4.5 L∙min−1 using an 

aquarium air pump equipped with tubing and a porous stone. DO was monitored twice a 

day and maintained at different ranges by manually adjusting the air flow during the initial 

batch phase and the first three experimental continuous-flow periods. Successively, the 
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DO concentration was controlled and monitored continuously. Monitoring was performed 

using a FDO 925 optical probe (WTW, Germany) connected to a multiparameter 

benchtop meter inoLab® Multi 9620 IDS (WTW, Germany). A Raspberry PI 3 Model 

B+ single board computer (Raspberry Pi Foundation, UK) coupled with Python software 

3.0 (Python Software Foundation, USA) was used to control and automate aeration in the 

reactor, as described by Iannacone et al. [21]. The portable DO meter was connected via 

an USB port to the Raspberry PI, which was programmed to switch on and off a 5 V relay 

connected to the air pump at fixed DO values. Temperature was not controlled during the 

study to simulate real operating conditions and remained in the range of 14.0–26.5°C 

during period I-VI, 20.3–30.5°C during period VII-IX and 16.8-28.5°C during period X.  

  

Figure 3.1. Schematic diagram of the UAGSB reactor configuration: 1 inlet pump; 2 bioreactor; 

3 aeration column; 4 effluent recirculation; 5 air sparger; 6 recirculation pump; 7 aquarium air 

pump; 8 DO probe; 9 oxygen benchtop meter; 10 Raspberry PI 3 Model B+; 11 relay 5V; 12 

effluent pump 
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3.2.3. Experimental design 

The bioreactor was operated for 21 days in batch mode to promote the acclimation and 

reactivation of the inoculated AGS biomass. Half of the solution was replaced with fresh 

synthetic wastewater as soon as the COD and NH4
+ were completely consumed. In this 

phase, the DO concentration was monitored twice a day and ranged between 3.0 and 4.0 

mg∙L-1. Subsequently, the bioreactor was operated in continuous mode for 306 days 

divided into 10 experimental periods, which are outlined in Table 3.2. During the first 

four periods (days 0-87), the DO concentration was progressively reduced from 5.0 to 0.8 

mg∙L-1 (average values) to investigate the impact of reduced oxygenation on organic 

carbon and TIN removal in the UAGSB reactor. From period V (days 88-130) to VIII 

(days 194-220), the DO concentration was maintained between 0.03 and 2.09 mg∙L-1 and 

the influence of different feed C/N ratios (4.7, 6.9, 7.9, and 13.6 on average) on the system 

was evaluated. During periods IX and X (days 221-306), the DO range and feed C/N ratio 

were maintained between 0.01 and 1.22 mg∙L-1 and 11.8 ± 1.4, respectively, while the 

HRT was decreased from 24 (periods I-VIII) to 12 (period IX) and 6 h (period X) to 

investigate the reactor response to increasing organic and N loads. 

3.2.4. Anoxic batch activity test 

A batch activity test was carried out at the end of period IV to assess the denitrifying 

activity of the biomass populating the bioreactor [288]. The test was performed in 

triplicate in 250 mL serum bottles at 20 °C by using a medium composed of NO3
- (100 

mg∙L-1), sodium acetate trihydrate (600 mg∙L-1) and nutrients as in the UAGSB reactor 

influent. Prior to starting the experiment, each bottle was flushed with argon gas for 30 s 

to ensure anoxic conditions. Mixing was provided by a tilting shaker working at a speed 



95 

 

of 300 rpm. The N-NO3
- and N-NO2

- concentrations were monitored for 3 h with a 

sampling interval of 15 min during the first hour and 30 min during the remaining time. 

3.2.5. Calculations 

The removal efficiencies (REs) of N-NH4
+, COD, and TIN, the percentage of total 

influent nitrogen used for biomass growth (TINinf, G), the percentage of removed inorganic 

nitrogen used for biomass growth (TINrem, G), and the percentage of total influent 

inorganic nitrogen being denitrified (TINden) were calculated by using the following 

equations (Eqs. 1-6):  

N-NH4
+

RE
=

([N-NH4
+

INF
]-[N-NH4

+
EFF

])

([N-NH4
+

INF
])

×100 (1) 

CODRE=
([CODIN]-[CODEFF])

([CODINF])
×100 (2) 

TINRE= 
([N-NH4

+
INF

]+[N-NO3
−

INF
]+[N-NO2

−
INF

]-[N-NH4
+

EFF
]-[N-NO3

−
EFF

]-[N-NO2
−

EFF
] )

([N-NH4
+

INF
]+[N-NO3

−
INF

]+[N-NO2
−

INF
])

 
(3) 

TINinf,G=
0.05 ×([CODINF]-[CODEFF])

([N-NH4
+

INF
]+[N-NO3

−
INF

]+[N-NO2
−

INF
])

×100 (4) 

TINrem,G=
0.05 ×([CODINF]-[CODEFF])

([N-NH4
+

INF
]+[N-NO3

−
INF

]+[N-NO2
−

INF
]-[N-NH4

+
EFF

]-[N-NO3
−

EFF
]-[N-NO2

−
EFF

] )
 (5) 

TINden=[TINRE − TINinf,G] (5) 

 

where:  

• [N-NH4
+

INF] and [N-NH4
+

EFF] are the influent and effluent N-NH4
+ 

concentrations, respectively; 

• [CODINF] and [CODEFF] are the influent and effluent COD concentrations, 

respectively; 

• [N-NOX
-
INF] and [N-NOX

-
EFF] are the influent and effluent N-NOX

- (nitrate- and 

nitrite-nitrogen) concentrations, respectively. 
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3.2.6. Analytical methods 

Liquid samples were collected daily from the UAGSB reactor and filtered through 0.45 

µm syringe filters with polypropylene membranes (VWR, USA) prior to analysis. The 

COD concentration was determined by the closed reflux colorimetric method [289]. NH4
+ 

concentration was determined spectrophotometrically using the indophenol blue method 

[290]. DO, pH, NO3
- and NO2

- concentrations were measured as described by Di Capua 

et al. [291]. Total suspended solids (TSS) and volatile suspended solids (VSS) 

concentrations were analyzed according to the Standard Methods [289].  

3.2.7. Energy and economic assessment of the UAGSB reactor 

To assess the potential energetic and economic benefits of the UAGSB reactor, this was 

compared with a MLE system, considering for the latter only the denitrification and 

nitrification steps and assuming to serve a population equivalent (PE) of 10,000 

inhabitants for both systems. The operating conditions experimentally identified as the 

best performing in this study were used to size the UAGSB and MLE systems. The 

volume of nitrification (VN) and denitrification (VD) tanks of the MLE system, the oxygen 

demand (OD) of nitrification, the operative oxygen capacity (OC) and the number of air 

diffuser for both plants were calculated as reported by Bonomo [292]. A DO 

concentration of 2.0 mg∙L-1 was considered for the MLE system [293], while a DO 

concentration equal to the upper value of the DO interval of period VIII was used for the 

UAGSB reactor. The capital expenditure (CAPEX) was assessed taking into account the 

following equation (Eq. 7), as reported in the local plans of Campania Region (Italy) 

[294]:  
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𝐶𝐴𝑃𝐸𝑋 (€ · PE−1
) = 178.45 𝑃𝐸−0.282 (7) 

Operational costs were based on power use of aerators considering the technical data of 

a commercial ceramic disc diffusers produced by Xylem Inc. The energy consumption 

associated with aeration was calculated based on the OD of the nitrification process and 

the standard aeration efficiency (SAE) of the selected aerators, assuming a continuous 

aeration in the system, as reported in Eq. 8.  

𝐴𝑒𝑟𝑎𝑡𝑖𝑜𝑛 𝑒𝑛𝑒𝑟𝑔𝑦 𝑐𝑜𝑛𝑠𝑢𝑚𝑝𝑡𝑖𝑜𝑛 (kWh · year−1) =
𝑂𝐷

𝑆𝐴𝐸
 

(8) 

3.2.8. Statistical data analysis 

A one-way analysis of variance (ANOVA) was performed for data analysis using the Data 

Analysis Tool of Excel 2016 (Microsoft Corporation, USA). The ANOVA was conducted 

to determine the statistical differences in the performance parameters in terms of COD, 

N-NH4
+ and TIN removal. The significant difference was set at 95% (p<0.05). 

3.3. Results and discussion 

3.3.1. Effect of DO concentration on COD and N removal efficiencies of 

the UAGSB reactor 

The first four periods were aimed at evaluating the effect of different DO concentrations 

on the REs of COD, N-NH4
+ and TIN at feed C/N ratios in the range of 12.1-13.5 (Table 

3.2). The decrease of DO concentration from period I (4.0-6.0 mg∙L-1) to period IV (0.02-

1.60 mg∙L-1) resulted in stable (p>0.05) N-NH4
+ and TIN REs of 95 ± 9 and 85 ± 8% 

(Table 3.3), respectively, with a maximum effluent N-NO3
- concentration of 10.6 mg∙L-

1. Additionally, the DO decrease did not negatively affect the COD RE, which remained 
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stable at 84 ± 5% (p>0.05) in the first four periods (Table 3.3), indicating that the UAGSB 

reactor could be efficiently operated at low DO conditions, thus entailing low aeration 

costs for the treatment of wastewater. 

In a previous study, Liu and Dong [295] observed that reducing the oxygen flow from 

0.25 to 0.11 g∙L-1∙d-1 in a continuous-flow AGS system resulted in a decrease of N-NH4
+ 

and TIN REs of about 46 and 31%, respectively. This was ascribed to an enhanced 

competition for DO between AOB and heterotrophic organisms in the outer layer of the 

granules, combined with a decreased depth of oxygen penetration, which resulted in a 

decreased nitrification efficiency at lower DO values [296,297]. In contrast with Liu and 

Dong [295], the N-NH4
+ and TIN removals were not impaired at decreasing DO 

concentrations in the UAGSB reactor run in this study. However, it should be pointed out 

that, according to our calculations, about half of the feed N was removed via biomass 

growth. Indeed, considering a COD:N ratio of 100:5 for aerobic cell synthesis and that 

the influent COD concentration and feed C/N ratio were respectively 565 ± 80 mg∙L-1 and 

12.9 ± 1.5 during periods I-IV, the estimated N uptake for microbial growth (TINinf, G) 

accounted for 46-52% of the influent TIN (Table 3.3). This percentage increases if the 

amount of N taken up for microbial growth is calculated on the removed TIN (TINrem, G), 

reaching 51-63% (Table 3.3). The remaining fraction of nitrogen (37-49%) not detected 

in the effluent was likely removed via SND. 

The existence of an active denitrifying community in the granular biomass was confirmed 

by the anoxic batch activity tests carried out at the end of period IV. A gradual N-NO3
- 

reduction was observed over time with a consequent N-NO2
- build-up and consumption 

(Figure 3.2).  

 



99 

 

 

 
Figure 3.2. Temporal trend of N-NO3

- and N-NO2
- concentrations (mg∙L-1) measured during 

the anoxic batch activity tests carried out at the end of period IV. 

After 150 minutes, denitrification ceased as both NO3
- and NO2

- concentrations were 

below the detection limit. In the UAGSB reactor, the average TINden calculated in periods 

I-IV (Eq. 6) was 36% (Table 3.3) with no significant differences at decreasing DO 

concentrations (p>0.05), indicating that denitrification also occurred at high oxygen 

concentrations (DO > 1.60 mg∙L-1).  

As shown in Figure 3.3, TSS and VSS concentrations in the UAGSB system at the end 

of period III (day 56) dropped from 2.5 ± 0.7 to 1.1 ± 0.6 mg∙L-1 and from 1.7 ± 0.2 to 0.8 

± 0.3 mg∙L-1, respectively. However, at the end of period IV (day 70), TSS and VSS 

concentrations increased up to 2.4 ± 0.3 and 1.1 ± 0.2 mg∙L-1, respectively, likely due to 

the biomass adaptation to lower DO conditions. 

0

5

10

15

20

25

30

N
-N

O
3

-
[m

g
∙L

-1
]

0

5

10

15

20

25

30

0 15 30 45 60 75 90 105 120 150 180

N
-N

O
2

-
[m

g
∙L

-1
]

Hours



100 

 

Table 3.3. COD, TIN, and N-NH4
+ removal efficiencies (REs) obtained in the UAGSB reactor at 

different DO concentrations (periods I-IV), C/N ratios (periods V-VIII) and HRT (periods IX-X). 

The percentages of total influent and removed nitrogen used for biomass growth (TIN inf, G and 

TINrem, G, respectively), and of total influent inorganic nitrogen being denitrified (TINden) were 

calculated considering a COD:N ratio of 100:5 for aerobic cell synthesis. 

Period 

NH4
+ – N 

RE 

(%) 

TIN RE 

(%) 

COD RE 

(%) 

TININF,G 

(%) 

TINREM,G 

(%) 

TINDEN 

(%) 

I 93 ± 12 83 ± 12 85 ± 1 46 ± 5 60 ± 8 32 ± 8 

II 100 ± 0 88 ± 2 78 ± 4 47 ± 4 54 ± 5 40 ± 5 

III 95 ± 6 85 ± 5 84 ± 5 48 ± 7 51 ± 21 42 ± 16 

IV 94 ± 8 82 ± 6 88 ± 1 52 ± 5 63 ± 8 30 ± 8 

V 97 ± 5 64 ± 19 61 ± 16 20 ± 10 30 ± 15 45 ± 15 

VI 99 ± 2 28 ± 8 63 ± 7 14 ± 4 53 ± 18 14 ± 8 

VII 97 ± 6 61 ± 12 74 ± 4 28 ± 4 47 ± 12 34 ± 13 

VIII 99 ± 2 84 ± 12 86 ± 3 55 ± 9 67 ± 15 29 ± 15 

IX 90 ± 13 77 ± 10 75 ± 6 40 ± 6 53 ± 11 37 ± 12 

X 63 ± 18 64 ± 15 71 ± 8 41 ± 6 68 ± 10 21 ± 10 

 

 
 

Figure 3.3. Evolution of the mean total (TSS) and volatile suspended solid (VSS) concentrations 

along the 306 days of the UAGSB reactor operation. 
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3.3.2. Performance of the UAGSB reactor under different feed C/N 

ratios 

Periods V and VI were characterized by similar DO ranges (Table 3.2) and a decrease of 

the feed C/N ratio from 13.5 (period IV) to 7.0 and 4.7, respectively. The decrease of the 

C/N ratio did not negatively affect the N-NH4
+ RE, which remained in the range of 97-

99% (p>0.05) (Table 3.3). Nevertheless, the mechanisms contributing to N-NH4
+ 

removal varied in comparison to the previous experimental periods. The lower feed COD 

concentration during period V decreased TINinf,G and TINrem,G to approximately 20 and 

30%, respectively, while nitrification was stimulated as N-NO3
- concentration increased 

from 4.5 ± 2.3 (period IV) to 11.9 ± 5.2 (period V) and 31.1 ± 4.1 (period VI) mg N∙L-1 

(Figure 3.4), resulting in TINden values of 45% in period V and 14% in period VI (Table 

3.3). On the other hand, the reduction in the feed C/N ratio led to insufficient organic 

carbon to support denitrification, as also reported by Iannacone et al [21]. Consequently, 

the TIN RE reached a minimum value of 28 ± 8% in period VI (Table 3.3) as a 

consequence of the increased N-NO3
- concentrations in the effluent. In contrast, Campo 

et al. [298] and Wang et al. [299] reported considerably higher TIN REs of about 71 and 

78% respectively at feed C/N ratios of 3.8 and 3.5 in SBR, which could be due to the 

sequence of anaerobic and aerobic phases enhancing the selection and activity of 

functional microorganisms. 

The COD RE decreased from 84 ± 5% (periods I- IV) to 62 ± 13% (periods V-VI) (Table 

3.3), while the effluent COD concentration did not change significantly (p>0.05) and 

stayed at 94.7 ± 55.6 mg∙L-1 (Figure 3.5). Biomass growth in the system was not affected 

by the lower COD levels in the feed, as the TSS and VSS concentrations did not change 
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significantly (p>0.05) in period V and even increased in period VI, reaching 3.66 ± 0.18 

mg TSS∙L-1 and 2.29 ± 0.14 mg VSS∙L-1, respectively (Figure 3.3). 

Periods VII and VIII were characterized by an increase of the feed COD concentration 

and, therefore, of C/N ratio from 4.7 (period VI) to 8.0 and 13.6, respectively. The 

increase of feed COD led to lower DO concentrations in the bioreactor (below 1 mg∙L-1 

in period VIII), even though the inlet air flowrate was increased (data not shown). 

Interestingly, despite the low DO conditions, N-NH4
+ RE was not affected (p>0.05) and 

remained stable at 98 ± 5%. In period VIII, more than 50% of the influent TIN was used 

for the biomass growth (Table 3.3). As expected, the feed C/N increase resulted in a 

gradual reduction of the effluent N-NO3
- concentration to an average value of 5.30 mg 

N∙L-1 in period VIII, suggesting an increase in the denitrifying efficiency of the system 

that could be favoured by the low DO levels in the bioreactor. TINden increased from 14% 

in period VI to 34 and 29% in periods VII and VIII, respectively. However, a gradual 

increase of the N-NO2
- concentration up to a value of 3.69 mg N∙L-1 was observed in 

period VIII. This suggests that the low DO values probably resulted in a slight inhibition 

of NOB biomass leading to NO2
- build-up in the effluent. The COD RE also increased to 

74 ± 4% (period VII) and 86 ± 3% (period VIII) (Table 3.3). Periods VII-VIII were 

characterized by a further increase of the TSS and VSS concentrations in the reactor 

(Figure 3.3), likely linked to the higher feed COD concentrations stimulating the growth 

of the heterotrophic families. The results obtained in this stage confirm that the UAGSB 

reactor is more efficient at higher C/N ratios even under microaerobic (DO<1 mg∙L-1) 

conditions, which should be taken into account in view of the future upscaling of the 

system. 
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Figure 3.4. Temporal trend of influent and effluent N-NH4
+, N-NO3

- and N-NO2
-concentrations 

(mg∙L-1) measured daily along the ten experimental periods of the UAGSB reactor operation. 
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Figure 3.5. Temporal trend of influent and effluent COD concentrations (mg∙L-1) along the ten 

experimental periods of the UAGSB reactor operation. 

3.3.3. Effect of HRT on the performance of the UAGSB reactor 

At the beginning of period IX (day 221), the HRT was set at 12 h with the objective to 

evaluate the COD, N-NH4
+, and TIN REs at increased organic and nitrogen loading rates. 

HRT decrease from 24 to 12 h resulted in a significant decrease of REs (p<0.05). The 

effluent N-NH4
+ concentration (Figure 3.4) abruptly increased shortly after HRT 

decrease (day 231) due to a slow biomass adaptation and a period of interruption of the 

UAGSB reactor operation due to the summer break (not shown) (Table 3.3). From day 

236 onwards, the N-NH4
+ RE increased back up to 90 ± 13 %. Despite this, a significant 

increase of the effluent N-NO2
- concentration was observed, as shown in Figure 3.4. NO2

- 

accumulation indicates that reducing the HRT likely led to a partial nitrification, which 

can be attributed to a reduced contact time between the biomass and influent NH4
+ as well 

as to the already limited DO availability in the bioreactor (0.01-1.22 mg∙L-1) (Table 3.2). 

On the other hand, the low DO levels ensured an elevated TINden in the bioreactor, being 

equal to 37% (Table 3.3). Although lower COD and TIN REs were observed at an HRT 
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average) and the effluent COD and TIN concentrations often below the effluent standards 

(COD=125 mg∙L-1, TN=15 mg∙L-1) for safe discharge in water bodies according to the 

EU legislation (Council Directive 91/271/EEC) for a population equivalent up to 100,000 

inhabitants. At the end of period IX, a significant increase of the TSS and VSS 

concentrations was observed (Figure 3.3), which can be attributed to the increased 

organic loading provided to the system.  

In period X (day 259), the HRT was further decreased to 6 h. This led to a gradual 

reduction of the COD RE to 71 ± 8% (Table 3.3). Nevertheless, the most important effect 

of the lower HRT was observed on N-NH4
+ and TIN REs, which decreased to average 

values of 63 and 64%, respectively (p<0.05) (Table 3.3). Therefore, the HRT reduction 

led to a deterioration of reactor performance, as also reported by Wan et al. [277]. 

Considering that the effluent N-NO3
- and N-NO2

- concentrations were often negligible, 

the largest N fraction in the effluent remained as N-NH4
+ (Figure 3.4). This suggests that 

the significant increase in the influent organic and nitrogen loading rates, coupled with 

the low DO concentrations in the bioreactor, negatively affected nitrification. 

Consequently, the denitrification performance also drastically decreased, resulting in a 

TINden of 21% (Table 3.3). This period was also characterized by a significant decrease 

in terms of TSS and VSS concentrations (Figure 3.3). This was due to sludge washout, 

which occurred for a period of about two weeks right after the HRT decrease and 

corresponding increase of the influent flow rate, resulting in a biomass loss of about 1.63 

g TSS∙L-1. 

3.3.4. Preliminary cost evaluation 

The continuous-flow UAGSB system investigated in this study during period VIII was 

able to obtain the highest COD, N-NH4
+ and TIN REs of 86, 99, and 84%, respectively, 
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at a maximum DO concentrations of 0.30 mg O2∙L
-1, a C/N ratio of 13.6 and an HRT of 

24 h. For this reason, the average influent COD and N-NH4
+ concentrations in period VIII 

(Table 3.2) were used to size both UAGSB reactor and MLE system. The DO 

concentration was different among the two systems. The main results obtained are shown 

in Table 3.4. 

Table 3.4. Main results of the preliminary economic evaluation aimed at evaluating the capital 

(CAPEX) and operating expenses (OPEX) of a UAGSB reactor and a MLE system both serving 

a population equivalent (PE) of 10,000 inhabitants. 

  MLE UAGSB 

Flow rate  m3∙year-1 759,200 759,200 

VN m3 1678 2080 

VD m3 721 - 

OD kg O2∙h-1 79.2 73.6 

N. diffusers - 270 203 

Typical standard aeration efficiency 

(SAE) 
kg O2∙kWh-1 2.5 2.5 

Max. power kWh∙year-1 277,560 258,020 

Max. energetic costs €∙year-1 32,752 30,446 

Max. energetic costs €∙m-3 0.43 0.40 

    

Construction costs € 128700 111603 

Air diffusers costs  € 5097 3820 

Total CAPEX € 133,797 115,422 

Based on the results of this study, the UAGSB reactor could allow an annual energy 

saving of about 19,540 kWh∙year-1. Considering the price of the electric energy as given 

by the Italian Regulatory Authority for Energy Networks and Environment (ARERA) in 

July 2023, which is equal to 0.118 €∙kWh−1, the corresponding economic saving 

associated is about 2,300 €∙year−1. The CAPEX associated with the construction of the 

MLE and UAGSB systems are about 128,700 and 111,600 €, respectively (Table 3.4). 

By adding the costs of the air diffusers, taking into consideration an approximate cost for 

each air diffuser of about 19 €, the total CAPEX of MLE and UAGSB systems were about 
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133,800 and 115,400 €, respectively, with an economic saving of about 18,400 €. These 

preliminary economic considerations confirm that the UAGSB system could be a more 

attractive cost-effective technology than the MLE system. 

3.4. Practical applications and future research 

The results of this study suggest that the UAGSB reactor can be considered as a promising 

technology for the simultaneous removal of C and N from wastewaters with C/N ratios 

as high as 11.4-13.6 when operated at HRT > 6 h. Compared to continuous-flow anaerobic 

and aerobic granular sludge reactors operated in previous studies (Table 3.1), the UAGSB 

reactor herein tested showed comparable or even higher REs under different operating 

conditions. Further studies should be addressed to a better investigation of the process in 

the case of low C/N ratios (below 7.0) and HRTs of 6 h or lower, for instance in the 

presence of higher biomass concentrations possibly entailing higher REs, and to reduce 

energy consumption associated with the process. Future research should also focus on the 

combination of the biological nitrogen removal via SND to P removal in the UAGSB 

reactor. Furthermore, although the morphological changes of the granules were not 

specifically evaluated in this study, the granule structure was clearly distinguishable 

throughout the experiment. However, applications of this technology on the pilot- and 

full-scale would allow to better assess the effect of the feed wastewater composition on 

C and N removal, granule stability, as well as to evaluate the associated operating costs. 

One drawback of the process that emerged in this study is that the effluent NO2
- 

concentration often exceeded the Italian standard (D. Lgs. 152/2006, Annex V, Part III) 

for industrial wastewater discharge into sewers (0.6 mg N-NO2
- L-1) even under the best 

operating conditions. Therefore, a post-treatment aiming to reduce NO2
- levels should be 

considered. An interesting approach to reduce the residual N-NO3
- and N-NO2

- 
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concentrations could be the study of a symbiotic process between aerobic granules and 

microalgae to remove the residual fraction of nitrogen and further reduce the operational 

costs of the whole process, by using part of the oxygen needed from the microalgal 

metabolism. 

3.5. Conclusions 

The continuous-flow UAGSB system investigated in this study was able to obtain COD, 

N-NH4
+ and TIN REs up to 86, 99 and 84%, respectively, at a C/N ratio of 13.6, an HRT 

of 24 h and DO concentrations as low as 0.01 - 0.30 mg O2∙L
-1, indicating that bacterial 

communities playing different roles are properly retained in a single-stage system. Under 

the best performing conditions, the preliminary cost evaluation showed that the UAGSB 

reactor could result in a capital and energy cost savings of around 14 and 7 %, 

respectively, compared to a MLE system. Higher effluent COD and N-NH4
+ 

concentrations un the UAGSB reactor were observed when decreasing the C/N ratio to 

4.7-8.0 and the HRT to 6 h. These results suggest that the use of the UAGSB technology 

can be highly recommended, both from engineering and economic perspective, for the 

treatment of urban wastewater, but further research efforts are needed for its validation 

on a larger scale.   
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CHAPTER 4  

Continuous bioelectrochemical treatment of nitrate-

containing wastewater in a double-chamber 

bioelectrochemical system 
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4.1. Introduction  

Nitrate (NO3
-) is one of the most common water pollutants in the world, leading to 

eutrophication of surface waters, increased risk of intoxication, and disruption of aquatic 

ecosystems threatening biodiversity [51,300–302]. Anthropogenic activities such as the 

intensive use of agricultural fertilizers and nitrogen-based chemicals in pharmaceutical, 

food processing, chemical, and petroleum refining industries [303] are the major sources 

of NO3
- pollution in aquatic environments [302]. The most widespread and harmful 

effects of the excessive use of nitrogen fertilizers in agriculture are the deterioration of 

groundwater quality and the contamination of drinking water supplies, which can pose a 

direct risk to human health [304]. High NO3
- consumption could cause preterm births 

[305], birth defects [306], congenital anomalies, methemoglobinemia in infants up to 6 

months [307,308], and elevated cancer risk for adults [309,310]. Currently, to reduce the 

impact of NO3
- contamination on drinking water quality and human health, the EU 

regulation (Directive 2020/2184) and the World Health Organization (WHO) have set the 

acceptable threshold of nitrate concentration in groundwater at 50 mg∙L-1 as NO3
- and 10 

mg N-NO3
-∙L-1 as nitrate-nitrogen (N-NO3

-) [311,312].  

NO3
- removal from water primarily relies on biological denitrification with 

physicochemical (e.g., ion exchange, adsorption, membrane separation and reverse 

osmosis) [313,314] and electrochemical [315,316] methods as potential alternatives. 

Biological denitrification is performed by denitrifying microorganisms using NO3
- as a 

terminal electron acceptor and organic, inorganic, or both substances as electron donors 

in heterotrophic, autotrophic, and mixotrophic denitrification, respectively, and as energy 

source to maintain microbial growth [48,317,318]. Physicochemical treatments for NO3
- 
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removal have been largely investigated, but they are associated with high operating costs, 

low selectivity, and the formation of by-products such as sludge [319]. 

Recently, NO3
- treatment has also been applied in bioelectrochemical systems (BESs) 

[320–323]. In BES, microorganisms are used to catalyze the electrochemical reactions by 

interacting with the electrodes [206]. Typically, a BES consists of anode and cathode 

electrodes where oxidation and reduction reactions occur, respectively. To enhance ion 

separation, the chambers containing the electrodes can be separated with an ion-exchange 

membrane [324]. At the anode, degradation of the organic substrate generates electrons 

and protons, which are transferred to the cathode via an external circuit or ion exchange 

membrane [206]. Reduction reactions at the cathode may include H2 evolution [207] or 

direct electron transfer by microorganisms capable of transferring electrons from the 

electrode through transport chains to extracellular electron acceptors [325].  

In BESs, NO3
- removal can occur through autotrophic or heterotrophic denitrification or 

simultaneously with both of them [326–329]. H2 can be used as an electron donor in the 

autotrophic denitrification process to convert NO3
- into nitrogen gas (N2) or denitrifiers 

can uptake electrons directly from the electrode [330]. In addition, heterotrophic bacteria 

can utilize organic substrates for further NO3
- removal, thereby increasing the NO3

- 

removal efficiency [326,331]. 

Recent research has focused on the study of denitrifying BES. Different 

bioelectrochemical configurations have been investigated, as well as the effect of key 

parameters such as pH, hydraulic retention time (HRT), cathode potential and 

conductivity on the bacterial community involved in the process [332–336]. Recent 

studies have also focused on the development of BESs as an alternative to conventional 

wastewater treatment [337–339] or their integration into wastewater and sludge treatment 
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[340,341]. Furthermore, several promising integrated bioelectrochemical technologies 

have been developed alongside traditional wastewater treatment methods in response to 

the need for sustainable technological solutions for wastewater management at various 

scales. Combining BES with existing technologies could not only reduce overall costs but 

also improve the efficiency of wastewater treatment and the reliability of the combined 

system [342]. This highlights the importance of enriching the existing literature in this 

field.  

For this purpose, this study aimed to investigate the NO3
- removal potential of denitrifying 

BES as a post-treatment of an aerobic granular sludge system used to combined carbon 

and nitrogen removal. In a previous study, Lanzetta et al. [91] operated a continuous-

upflow (micro)aerobic granular sludge blanket reactor (UAGSB) to concomitantly 

remove C and N under different DO ranges (0.01–6.00 mg∙L-1), feed C/N ratios (4.7–

13.6), and HRTs (6–24 h). However, reducing the C/N ratio to 4.7 resulted in the lowest 

total inorganic nitrogen (TIN) removal efficiency of 28%, with an effluent N-NO3
- 

concentration of 31.1 ± 4.1 mg N∙L-1, being above the regulatory limit for wastewater 

discharge into sewers [91]. Therefore, to improve TIN removal even at low feed C/N 

ratio, the donwstream use of a BES was investigated in this study. Specifically, the main 

goal of this study was to understand whether the bioelectrochemical system could 

successfully complement the aerobic granular sludge process for N removal at low feed 

C/N ratios, by eliminating the need for external organic carbon addition through the 

establishment of an autotrophic denitrification process in the BES. The NO3
- removal 

efficiency of a continuous double-chamber BES was evaluated for 63 days at different 

feeding conditions and HRTs. In addition, 16S rRNA high-throughput sequencing was 
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used to determine the microbial community structure and gain insight into the key 

functional microorganisms responsible for N removal.  

 

4.2. Materials and methods 

4.2.1. Experimental set-up  

The experiments were carried out in duplicate in two double-chamber flow-through BES 

reactors, reactor 1 (R1) and reactor 2 (R2). Each reactor consisted of anode and cathode 

chambers (33 mL each with an effective projected surface area of each electrode of 33 

cm2) separated by a cation-exchange membrane (CEM) (CMI-7000, Membranes 

International, USA) (Figure 4.1). Before operation, the CEM was soaked overnight in 

5% (w/w) NaCl solution and washed with MilliQ water. The reactor parts were made of 

polycarbonate and hydraulically connected to each other. To make the system liquid- and 

air-tight, rubber seals (1.5 mm thick) were used between the chamber plates and 

membranes. Both the anode and cathode chambers were filled with graphite granules 

(EC-100, Graphite Sales, USA) that acted as electrodes and biofilm carriers. Prior to 

being added to the chambers, the graphite granules were acid- and alkaline-washed 

according to Jermakka et al. [343]. Graphite rods (l=75 mm, d=6 mm, 99.995% trace 

metals basis, Sigma-Aldrich) were inserted into each anodic and cathodic chamber as 

current collectors. Anode and cathode potentials were measured against Ag/AgCl 

reference electrodes placed in both chambers (+0.197 V vs SHE, RE-5B, BASi, United 

Kingdom). Two different potentiostats (Bank Elektronik, Germany and BioLogic VMP3, 

France) were used to maintain the anodic and cathodic potentials at +0.2 V and -0.65 V 

vs. SHE, respectively, during the enrichment periods and to maintain the cathodic 

potential at -0.65 V vs. SHE during the experimental phases. A peristaltic pump 
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(Masterflex™ 77912-10, Pennsylvania) was used to feed the influent solution to the 

BESs. The influent solution was purged with N2 gas to ensure anaerobic conditions. 

 

Figure 4.1. Schematic diagram of the BES reactor configuration, consisting of anodic and 

cathodic chambers containing graphite granules (EC-100, Graphite Sales, USA), which acted as 

electrodes and supports for the biofilm. Anode loading (i.e., feeding from anode to cathode, in 

light blue) and cathode loading (i.e., feeding from cathode to anode, in dark blue) were 

implemented separately. 

 

4.2.2. Biomass enrichment at the electrodes  

The anode and cathode electrodes were separately enriched for electroactive 

microorganisms responsible for acetate oxidation and autotrophic denitrification, 

respectively (Table 4.1). A synthetic wastewater containing (mg∙L-1) NH4Cl (6), KH2PO4 

(25), NaHCO3 (95.4), CH3COONa (150), and trace element solution (TES) [344] was 

used as feed during the anode enrichment. In contrast, a synthetic wastewater containing 

(in mg∙L-1) KNO3 (217), NH4Cl (6), KH2PO4 (25), NaHCO3 (95.4), NaNO2 (5), and TES 
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[344] was used as feed for the cathode enrichment. In addition, during both anode and 

cathode enrichments, 1 g/L of 2-bromoethanesulphonic acid (BESA) was added to the 

influent to inhibit the growth of methanogens [345].  

The anodic enrichment period (days 0-61) was conducted in fed-batch mode under 

anaerobic conditions at an anode potential of +200 mV vs. an Ag/AgCl reference 

electrode. A digested sewage sludge from a local municipal wastewater treatment plant 

(Viinikanlahti, Tampere, Finland) was used as inoculum. The enrichment medium used 

was recirculated through the anode at a constant rate of 105 mL∙min-1 (Cole-Parmer 

Masterflex Peristaltic Pump 7553-20, Pennsylvania, U.S.A). Gas bags were connected to 

the recirculation bottles to collect gaseous compounds produced in the reactor. 

Subsequently (days 62-83), the anode chambers were operated in continuous mode at an 

HRT of 10 h using the same enrichment medium. 

After the enrichment of electroactive biomass on the anode (0-61 days), the enrichment 

of denitrifying biomass took place at the cathode side (62-83 days). The denitrifying 

inoculum was taken from the effluent of a previously operated 2-chamber 

bioelectrochemical cell optimized for efficient denitrification. The enrichment of 

denitrifying biomass was conducted under anaerobic conditions at a cathode potential of 

-650 mV vs. an Ag/AgCl reference electrode. The enrichment medium used was 

recirculated through the cathode at a constant rate of 105 mL∙min-1 (Cole-Parmer 

Masterflex Peristaltic Pump 7553-20, Pennsylvania). Gas bags were connected to the 

effluent bottles to collect gaseous compounds produced in the reactor.  

4.2.3 Reactor operation 

After the anode and cathode enrichment phases, the two BESs (R1 and R2) were operated 

in continuous mode for 63 days divided into seven experimental periods, as reported in 
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Table 4.1, at a cathode potential of -650 mV vs. an Ag/AgCl reference electrode. The 

start of this experimental period was considered as day 0. 

A synthetic wastewater containing (mg∙L-1) KNO3 (217), NH4Cl (6), KH2PO4 (25), 

NaHCO3 (95.4), NaNO2 (5), CH3COONa (150), and TES [344] was used as feed to mimic 

the UAGSB reactor effluent characterized by a N-NO3
- concentration of 31.1 ± 4.1 mg 

N∙L-1 [91]. In addition, 1 g·L-1 of BESA was added to the influent solution to inhibit the 

growth of methanogens [345]. The stock solutions of NH4Cl and NaNO2 were sterilized 

by filtration (0.2 µm polyethersulfone membrane syringe filter, VWR International, North 

America), whereas the rest of the stock solutions were sterilized by autoclaving at 121°C 

for 20 min.  

During the first two periods (days 0-15), the influent was fed to the anode from where it 

flowed to the cathode, and the HRT was reduced from 10 to 7 h to increase the organic 

and N loads. From period III (days 16-22) to period VII (days 59-63), the influent was 

fed to the cathode from where it flowed to the anode, while the HRT was progressively 

decreased from 7 to 2 h. During period VI, an acetate-free influent was fed to the cathode 

at an HRT of 2 h to evaluate the denitrification performance using cathodic H2 as the only 

electron donor. In the last period, the two reactors (R1 and R2) were used to test two 

different conditions and evaluate the extent of autotrophic and heterotrophic 

denitrification in the bioreactors. In particular, R1 was operated with an HRT of 4 h and 

an acetate-free influent. In contrast, R2 was operated with acetate as the sole electron 

donor, thus removing the potential applied to the cathode. During the study, the shift from 

an experimental period to the following was carried out when the NO3
- removal 

performance of both reactors was considered stable, i.e., when three consecutive samples 

gave similar results with differences between sampling points of less than 10 %. To 
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investigate the feasibility of the method, the results in terms of N-NO3
- and N-NO2

- 

concentrations were then compared with the Italian standards (D. Lgs. 152/2006, Annex 

V, Part III) for industrial wastewater discharge into sewers (30 mg N-NO3
-·L-1 and 0.6 

mg N-NO2
-·L-1).  

 



118 

 

Table 4.1. Operating conditions and duration of each experimental period during the anodic and cathodic enrichment and continuous operation of the two-chamber 

flow-through bioelectrochemical system (Reactor 1 (R1) and Reactor 2 (R2)). NLR= nitrogen loading rate.  

Period 
Duration 

(days) 

Operational 

mode 
Reactor Feeding 

Potential 

(mV) 
Stock solution added 

HRT 

(h) 

NLR 

(g N-NO3
-

·m-3·d-1) 

Enrichment period 

Anode 

enrichment 

0-61 Fed-batch R1-R2 Anode +200 at the 

anode 

NH4Cl, KH2PO4, NaHCO3, CH3COONa and 

TES* 

 

/  

62-83 Continuous R1-R2 Anode -650 at the 

cathode 

NH4Cl, KH2PO4, NaHCO3, CH3COONa and 

TES 

 

10  

Cathode 

enrichment 

62-83 Fed-batch R1-R2 Cathode -650 at the 

cathode 

KNO3, NH4Cl, KH2PO4, NaHCO3, NaNO2 

and TES 

 

/  

Long-term reactor operation 

I 0-9 Continuous R1-R2 Anode -650 at the 

cathode 

KNO3, NH4Cl, KH2PO4, NaHCO3, NaNO2, 

CH3COONa and TES  

 

10 10.6 

II 10-15 Continuous R1-R2 Anode -650 at the 

cathode 

KNO3, NH4Cl, KH2PO4, NaHCO3, NaNO2, 

CH3COONa and TES  

 

7 9.6 
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Period 
Duration 

(days) 

Operational 

mode 
Reactor Feeding 

Potential 

(mV) 
Stock solution added 

HRT 

(h) 

NLR 

(g N-NO3
-

·m-3·d-1) 

III 16-22 Continuous R1-R2 Cathode -650 at the 

cathode 

KNO3, NH4Cl, KH2PO4, NaHCO3, NaNO2, 

CH3COONa and TES  

 

7 10.1 

IV 23-36 Continuous R1-R2 Cathode -650 at the 

cathode 

KNO3, NH4Cl, KH2PO4, NaHCO3, NaNO2, 

CH3COONa and TES  

 

4 4.6 

V 37-46 Continuous R1-R2 Cathode -650 at the 

cathode 

KNO3, NH4Cl, KH2PO4, NaHCO3, NaNO2, 

CH3COONa and TES  

 

2 2.1 

VI 47-63 Continuous R1 Cathode -650 at the 

cathode 

KNO3, NH4Cl, KH2PO4, NaHCO3, NaNO2 

and TES 

 

2 2.5 

47-58 Continuous R2 Cathode -650 at the 

cathode 

KNO3, NH4Cl, KH2PO4, NaHCO3, NaNO2 

and TES 

 

2 2.5 

VII 64-75 Continuous R1 Cathode -650 at the 

cathode 

KNO3, NH4Cl, KH2PO4, NaHCO3, NaNO2 

and TES 

 

4 5.6 

59-63 Continuous R2 Cathode No applied 

potential 

KNO3, NH4Cl, KH2PO4, NaHCO3, NaNO2, 

CH3COONa and TES  

 

2 2.5 

*TES: trace element solution  
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4.2.4 Analytical methods 

Liquid samples were collected daily from both the anode and cathode chambers. pH and 

conductivity were measured from unfiltered liquid samples shortly after sampling. The 

pH was monitored with a pH-meter 3110 (WTW GmbH, Germany) and a Slim Trode 

electrode (Hamilton®), whereas the conductivity was measured with a FiveEasy F30 

conductivity meter with Mettler Toledo Conductivity Probe Sensors (Mettler Toledo, 

Milano, Italy). The potentials at the electrodes (counter electrode (CE), working electrode 

(WE), and reference electrode) were manually monitored with a CEM DT-922 voltmeter.  

The samples for detection of NO3
-, NO2

-, and volatile fatty acids (VFAs) concentrations, 

were filtered with 0.45 µm and 0.2 µm sterile filters (CHROMAFIL® Xtra polyester 

membrane filter, Macherey-Nagel, Germany), respectively. The concentrations of NO3
- 

and NO2
- were measured by using a Dionex ICS-1600 (Thermo Scientific, Waltham, 

Massachusetts, USA) ion chromatography (IC) as described by Sun et al. [346], whereas 

the VFA content, focusing on acetate, was measured with Shimadzu GC-2010 Plus gas 

chromatograph equipped with a Zebran ZB-WAX Plus column and a flame ionization 

(FID) detector [347]. The filtered liquid samples were stored at -20ºC when the ion-

chromatography and VFA analysis were not available at the sampling occasions. The 

content of gas formed during the experiments was measured by a Shimadzu GC-2014 gas 

chromatograph equipped with a Porapak N 80-100 column and a thermal conductivity 

detector [348].  

4.2.5 Calculations 

Removal efficiencies in terms of N-NO3
-, NOx (NO3

- + NO2
-), and acetate were calculated 

by comparing the concentrations in the influent and effluent, as described by the equations 
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Eqs. 1-3. For each experimental step, the HRT was calculated based on the total reactor 

volume, i.e., the sum of the volume of the anode and cathode chambers. 

The concentration values reported for the influent and the effluent are the average values 

at three sampling points for each reactor (R1 and R2) with standard deviations (±) unless 

otherwise indicated. The NOx concentration removed via heterotrophic denitrification 

(NOxREM,het.) is evaluated considering the stoichiometry of the denitrification reaction 

using acetate as an electron donor [51] (Eq. 4). The NOx removed by the autotrophic 

pathway (NOxREM,aut.) is represented by the remaining NOx concentration (Eq. 5).  

 

N-NO3
−

Removal efficiency
=

([N-NO3
−

INF
]-[N-NO3

−
EFF

])

([N-NO3
−

INF
])

×100 
(1) 

 

𝐴𝑐𝑒𝑡𝑎𝑡𝑒Removal efficiency=
([𝑎𝑐𝑒𝑡𝑎𝑡𝑒IN]-[𝑎𝑐𝑒𝑡𝑎𝑡𝑒EFF])

([𝑎𝑐𝑒𝑡𝑎𝑡𝑒INF])
×100 

(2) 

𝑁𝑂𝑥Removal efficiency=
([N-NO3

−
INF

] + [N-NO2
−

𝐼𝑁𝐹]) − ([N-NO3
−

𝐸𝐹𝐹
] + [N-NO2

−
𝐸𝐹𝐹])

([N-NO3
−

INF
] + [N-NO2

−
𝐼𝑁𝐹])

×100 
(3) 

𝑁𝑂𝑥Rem, het.=
([𝑎𝑐𝑒𝑡𝑎𝑡𝑒IN]-[𝑎𝑐𝑒𝑡𝑎𝑡𝑒EFF])

3.63
 

(4) 

𝑁𝑂𝑥Rem, aut.= ([𝑁𝑂𝑥IN]-[𝑁𝑂𝑥EFF]) − 𝑁𝑂𝑥RE, het. (5) 

where [N-NO3
-
INF], [N-NO3

-
EFF] and [N-NO2

-
INF], [N-NO2

-
EFF] are the influent and 

effluent N-NO3
- and N-NO2

-
 concentrations, respectively; [acetateINF] and [acetateEFF] are 

the influent and effluent acetate concentrations, respectively. 

The current density was calculated against the effective surface area of each electrode (33 

cm2) (Eq. 6). The energy consumption by the potentiostat was calculated from the hourly 

https://www.sciencedirect.com/topics/immunology-and-microbiology/surface-area
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average of current and voltage data (Eq. 7) and as specific energy consumption (SEC) 

based on the mass of N removed from the double-chamber systems (Eq. 8).  

𝐶𝑢𝑟𝑟𝑒𝑛𝑡 𝑑𝑒𝑛𝑠𝑖𝑡𝑦 (𝑚𝐴 ∙ 𝑐𝑚−2)

=
𝐼 (𝑚𝐴)

𝐸𝑓𝑓𝑒𝑐𝑡𝑖𝑣𝑒 𝑠𝑢𝑟𝑓𝑎𝑐𝑒 𝑎𝑟𝑒𝑎 𝑜𝑓 𝑒𝑎𝑐ℎ 𝑒𝑙𝑒𝑐𝑡𝑟𝑜𝑑𝑒 (𝑐𝑚2)
 

(6) 

𝐸𝑛𝑒𝑟𝑔𝑦 𝑟𝑒𝑞𝑢𝑖𝑟𝑒𝑑 (𝑘𝑊ℎ) = 𝐸𝑊𝐸 − 𝐸𝐶𝐸(𝑉) ∙  𝐼 (𝐴) ∙ ℎ (7) 

𝑆𝐸𝐶  =  
𝐸𝑛𝑒𝑟𝑔𝑦 𝑟𝑒𝑞𝑢𝑖𝑟𝑒𝑑 (𝑘𝑊ℎ)

([𝑁 − 𝑁𝑂3
−

𝐼𝑁𝐹
] + [𝑁 − 𝑁𝑂2

−
𝐼𝑁𝐹

] − [𝑁 − 𝑁𝑂3
−

𝐸𝐹𝐹
] + [𝑁 − 𝑁𝑂2

−
𝐸𝐹𝐹

])
 

(8) 

where EWE and ECE are the working and the counter electrode potential, respectively; I is 

the current intensity measured by the potentiostat.   

 

4.2.6 Statistical data analysis 

The Data Analysis Tool of Excel 2016 (Microsoft Corporation, USA) was used to 

perform a one-way analysis of variance (ANOVA) to determine the statistical differences 

in the performance parameters in terms of CH3COOH and N-NO3
- removal. The 

significant difference was set at 95% (p<0.05). 

 

4.3 Results and discussion  

4.3.1 Biomass enrichment in the anodic and cathodic chambers 

The values of pH and acetate concentration in the anode and cathode chambers were as 

shown in Figure 4.2. For the cathodic enrichment period, in addition to pH, the trend of 

N-NO3
− concentration over time was evaluated, as shown in Figure 4.3.  
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Figure. 4.2. Daily evolution of pH in the anodic enrichment medium as well as at the anode and 

cathode and of acetate concentration (mg∙L-1) in the anodic enrichment medium and at the anode 

during the anode enrichment. 

 

Figure. 4.3. Daily evolution of pH in the cathodic enrichment medium as well as at the anode and 

cathode and of N-NO3
- concentration (mg∙L-1) in the cathodic enrichment and at the cathode 

during the cathode enrichment. 
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In BES, the biodegradation of organic compounds results in the production of protons, 

which lower the pH of the electrolyte. Therefore, the decrease in pH at the anode (Figure 

4.2) likely indicated the presence of microbial activity during the anodic enrichment 

period. In contrast, during the cathode enrichment period, the proton consumption during 

the reduction reactions did not allow an increase in pH, probably due to the low current 

present (Figure 4.3). In addition, the effects of the anodic and cathodic enrichment 

periods were evident from the decreasing trends in acetate and N-NO3
- concentrations. 

During the enrichment periods, continuous monitoring of current density was not possible 

due to limitations in the availability of the potentiostat. After the successful enrichment 

of anodic and cathodic communities, the simultaneous removal of acetate and NO3
- was 

studied.  

 

4.3.2 Effect of anodic and cathodic feeding and different HRTs on N-

NO3
- removal 

The temporal profiles of N-NO3
−, N-NO2

− and acetate concentrations in the influent and 

effluent of anode and cathode during the continuous operation of R1 and R2 are shown 

in Figure 4.4.  
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Figure 4.4. Temporal trends of N-NO3
-(a,d), N-NO2

−(b,e), and acetate concentrations (c,f) 

(mg∙L−1) in the influent and effluent of the anode and cathode during the 7 experimental periods 

of R1 and R2 operation (Table 4.1). The red line indicates the Italian standard for industrial 

effluent discharge to sewers.  

The first two periods (days 0-15) were characterized by a decreasing HRT from 10 to 7 h 

and the influent wastewater was fed to the anode and then flowed towards the cathode. 

As shown in Figure 4.4, the anodic feeding during periods I and II resulted in almost 

complete NOx removal with an average NOx and acetate removal efficiencies at the 

anode of 96 ± 4 and 100 ± 0 % in R1, respectively, while these reached 99 ± 2 and 98 ± 

4 % in R2. The results indicate that heterotrophic denitrification with acetate as the 
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electron donor occurred. The feed acetate concentration in these two periods was equal 

to 133 ± 33 and 97 ± 11 mg·L-1 in R1 and 121 ± 41 and 110 ± 10 mg·L-1 in R2, 

respectively. Considering the stoichiometry of the denitrification reaction using acetate 

as an electron donor [51], the estimated effluent NOx removed by heterotrophic 

denitrification (NOxRem,het) at the anode accounted for 100% (R1) and 100% (R2) in 

period I and for 73% (R1) and 83% (R2) in period II (Table 4.2). 

Table 4.2. The percentage of NOx removed in the reactors (NOxRemoval efficiency) and the specific 

percentage of NOx removed by heterotrophic (NOxRem,het.) and autotrophic denitrification 

(NOxRem,aut.) in R1 and R2 during the study evaluated by considering the stoichiometry of the 

denitrification reaction using acetate as an electron donor (Eq. 4 and 5).  

Period Reactor 

NOxRemoval 

efficiency 

(%) 

NOxRem,het. 

(%) 

NOxRem,aut. 

(%) 

I 
R1 99 ± 2 100 0 

R2 94 ± 5 100 0 

II 
R1 100 ± 0 73 27 

R2 100 ± 1 83 17 

III 
R1 98 ± 2 97 3 

R2 100 ± 0 90 10 

IV 
R1 96 ± 3 99 1 

R2 100 ± 1 100 0 

V 
R1 90 ± 13 94 6 

R2 96 ± 11 100 0 

VI 
R1 43 ± 22 0 100 

R2 65 ± 16 0 100 

VII 
R1 56 ± 5 0 100 

R2 96 ± 1 100 0 
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When the anode effluent flowed to the cathode chamber, a significant cathodic production 

of acetate occurred during periods I and II (p<0.05), being 46 ± 39 and 75 ± 55 mg·L-1 in 

R1 and R2, respectively (Figure. 4.4c and 4.4f), which indicates the presence of 

homoacetogenic bacteria in the cathode biofilm. Under the anaerobic conditions present 

in both reactors, H2 was potentially produced by electrolysis of water on the surface of 

the cathode [349]. Subsequently, homoacetogenic bacteria could have produced acetate 

using HCO3
- and H2 as substrates, as reported by Zabranska et al. [350]. Although below 

the Italian standard (D. Lgs. 152/2006, Annex V, Part III), in view of the variability of 

the organic matter content in real wastewater, this production could compromise the 

reliability of the process with respect to the treatment objectives.  

From the beginning of period III (day 16), the influent was fed first to the cathode and 

then to the anode using an HRT of 7 h to evaluate the NOx and acetate removal 

efficiencies as well as acetate production in both chambers. The reversal of influent feed 

resulted in a stable (p>0.05) NOx removal efficiency of 98 ± 2 and 100 ± 0 % in both R1 

and R2 (Table 4.1). In R1 and R2, a cathodic N-NO2
− accumulation of 10.8 ± 2.4 and 0.5 

± 0.4 mg N·L-1, respectively, was observed, which was then followed by complete 

denitrification at the anode. Additionally, an acetate removal efficiency of 89 ± 8 and 100 

± 0 % was achieved at the cathode of R1 and R2, respectively, showing that most of the 

removal mechanisms occurred at the cathode. No acetate production occurred at the 

anode. Considering the average feed acetate concentration of 134 ± 23 and 128 ± 17 mg·L-

1 in R1 and R2, respectively, the estimated NOxRem,het accounted for 97 and 90 % in R1 

and R2, respectively.  

In period IV, the HRT was further reduced to 4 h, with a nitrogen loading rate (NLR) of 

4.6 g N-NO3
-·m-3·d-1. This resulted in overall NOx and acetate removal efficiencies of 96 
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± 3 and 94 ± 15 % in R1 and of 100 ± 1 and 100 ± 0 % in R2, respectively. Additionally, 

the percentage of NOxRem,het reached 99 and 100 % in R1 and R2, respectively. An HRT 

reduction to 2 h (period V) had little impact on the effluent NOx and acetate removal 

efficiencies, which were 90 ± 13 and 92 ± 10 % in R1 and 96 ± 11 % and 100 ± 0 % in 

R2, respectively. Also, an average N-NO2
− accumulation of 7.4 ± 1.9 and 1.3 ± 0.6 mg 

N·L-1 occurred at the cathodes of R1 and R2, respectively. However, after biomass 

acclimation (day 37-43) at an HRT of 2 h, the average effluent N-NO2
− concentration was 

below 0.6 mg N-NO2
-·L−1, in compliance with the Italian standard (D. Lgs. 152/2006, 

Annex V, Part III) for industrial wastewater discharge into sewers.  

4.3.3 Contribution of autotrophic and heterotrophic denitrification to 

N-NO3
- removal 

In periods I-V, the synergistic relationship between autotrophic and heterotrophic 

denitrification for N-NO3
- removal was assessed. During these five periods, heterotrophic 

denitrification was predominant in both reactors, with a predominance in R2 (Table 4.2). 

In a study by Zhao et al. [351], an intensive biofilm-electrode reactor (IBER) was 

developed to treat nitrate-contaminated groundwater through a combination of 

heterotrophic and hydrogenotrophic denitrification, at different HRTs (8-24 h) and C/N 

(0.75-3). Bacteria used fiber threads as independent carrier to form a biofilm, carbon rods 

were used as the anode, with stainless steel wire embedded in fiber threads acting as the 

cathode to provide H2 for autotrophic bacteria. Their results showed a complete removal 

of N-NO3
- and N-NO2

- by the IBER at an HRT of 8 h (NLR of 16.7 g N-NO3
-·m-3 d-1) 

after 20 days of biomass acclimatization [351]. Specifically, heterotrophic denitrifiers 

predominated when the organic carbon source was supplemented with a C/N ratio higher 

than 1. On the other hand, when the C/N ratio was 0.75, the activity of the autotrophic 
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denitrifying bacteria became more significant, supporting heterotrophic denitrification in 

enhancing the NO3
- removal efficiency. In contrast to Zhao et al. [351], the denitrification 

process in this study was complete at an HRT of 2 h with a NLR of 2.5 g N-NO3
-·m-3 d-1 

and after 6 days of biomass acclimatization from the previous condition tested (HRT of 

4 h, period IV). In Period VI, the potential contribution of autotrophic denitrification to 

NO3
- removal was evaluated in R1 and R2 by eliminating acetate in the influent (Table 

4.1). Only relying on the electron donors provided by the electrode at an HRT of 2 h 

resulted in NOx removal efficiencies of 43 ± 22 and 65 ± 16 % in R1 and R2, respectively. 

The higher NOx removal efficiency in R2 compared to R1 could be attributed to the 

higher current density achieved in R2, which may have led to a higher availability of 

reducing electrons [352]. Nevertheless, in both R1 and R2, after biomass acclimation (day 

48-54), the effluent N-NO3
- and N-NO2

- concentrations never exceeded the Italian 

standard (D. Lgs. 152/2006, Annex V, Part III) for the release of industrial wastewater 

into the sewage system (30 mg N-NO3
-·L-1 and 0.6 mg N-NO2

-·L-1, respectively). 

(Figure. 4.4). To improve the NOx removal efficiency in R1, the HRT was increased 

from 2 to 4 h (period VII), resulting in a NOx removal efficiency of 56 ± 5% and an 

average effluent N-NO3
- concentration of 13.1 ± 0.2 mg N-·L−1 in the final five 

experimental days (days 71-75), demonstrating the good applicability of the system even 

in the absence of acetate.  

Period VII of R2, on the other hand, was designed to study the effect of heterotrophic 

denitrification alone at open circuit conditions by feeding acetate with the influent 

medium and providing no cathodic potential. Although a high effluent NOx removal 

efficiency of 96 ± 1 % was achieved, a slight increase in the effluent N-NO2
- concentration 

(i.e., 1.3 ± 0.2 mg N·L-1) was observed, exceeding the Italian standard for wastewater 
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discharge into sewers. These results indicate that in the previous operational phases 

autotrophic denitrification contributed to NOx removal at the cathode, allowing to comply 

with regulatory limits for NO2
- concentration. Generally, within the BES, an excess 

supply of organic compounds may encourage heterotrophic denitrification, thereby 

impeding bioelectrochemical denitrification [353]. Real wastewaters, however, show 

significant variability in the concentrations of organic matter [354]. Hence, the integration 

of autotrophic and heterotrophic denitrification within the same system ensures the 

attainment of consistently high removal efficiencies in the presence of variable levels of 

organic content or in its absence in incoming wastewater. 

4.3.4 Economic and energetic considerations 

The average current and final specific energy consumption calculated for each 

experimental period are shown in Table 4.3. Some fluctuations in current density mainly 

occurred in R2.  

Table 4.3. Performances of R1 and R2 in terms of current density and specific energy 

consumption (SEC). The value is not present in period 7, as this period was characterized by the 

absence of an applied potential. 

Current density (mA∙cm-2) SEC (kWh·g NOx,removed
-1) 

Period R1 R2 R1 R2 

I -0.3 3.8 1.4·10-4 1.5·10-4 

II -2.3 -0.6 2.0·10-3 1.1·10-3 

III -5.3 -0.2 7.4·10-4 1.9·10-4 

IV -155.1 -0.06 6.5·10-2 8.5·10-5 
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Current density (mA∙cm-2) SEC (kWh·g NOx,removed
-1) 

Period R1 R2 R1 R2 

V -83.1 0.04 2.3·10-2 9.6·10-5 

VI -211.0 -0.5 7.4·10-1 8.2·10-3 

VII -168.4  1.3·10-1 - 

The final SEC calculated in period V in R1 and R2 was estimated to be 2.3·10-2  and 

9.6·10-5  kWh·g NOxremoved
-1, respectively (Table 4.3). Additionally, by comparing the 

SEC values for R1 and R2 in period VI (without the addition of acetate) with that of the 

previous period, the presence of heterotrophic denitrification was found to be 

advantageous from an energy point of view, as it significantly reduced the SEC value 

(p<0.05) for each experimental period (Table 4.3).  

Molognoni et al. [322] investigated the nitrate removal capacity of a BES denitrification 

reactor for groundwater autotrophic denitrification consisting of a biological cathode and 

abiotic anode separated by a CEM. The study showed a N-NO3
- removal efficiency over 

90%, with a specific energy consumption of 2.22·10−3 kWh·g N-NO3
−

removed
−1. In 

addition, Pous et al. [335] evaluated the operation of a denitrifying BES for the treatment 

of nitrate-polluted groundwater, with energy consumption ranging from 0.7 to 1.3 kWh·g 

N-NO3
−

removed
−1. Compared to these values, the SEC reported in this study in period V for 

R1 and R2 was lower, demonstrating the effectiveness of the process here implemented. 
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4.4 Conclusions  

In this study, a double-chamber BES was used to treat wastewater with a low C/N ratio. 

After 6 days of biomass acclimatization from the previous condition tested and at an HRT 

of 2 h, complete removal of N-NO3
- and N-NO2

-
 was achieved mainly by heterotrophic 

denitrification due to the presence of acetate. Nevertheless, the use of only electrode as 

the electron source could also achieve N-NO3
- and N-NO2

- concentrations consistently 

below the Italian standard for industrial effluent discharge into sewers (30 mg N-NO3
-·L-

1 and 0.6 mg N-NO2
-·L-1). Given the considerable variability in organic matter 

concentration in municipal wastewater, integrating autotrophic and heterotrophic 

denitrification within the same treatment unit is a more reliable approach to obtain high 

nitrogen removal efficiencies and effluent quality standards. Additionally, the techno-

economic feasibility of the process here investigated was also demonstrated by the low 

specific energy consumption required, which ranged from 2.3·10-2  to 9.6·10-5  kWh·g 

NOxremoved
-1 at an HRT of 2 h. 
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CHAPTER 5 

Conclusions and Future Perspectives  
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5.1. Chapters overview 

Over the past few decades, the expansion of urban populations has led to increased 

wastewater production characterized by elevated levels of nitrogen (N) and phosphorus 

(P) compounds, which contribute to oxygen depletion and eutrophication of surface 

waters [254]. In wastewater treatment plants (WWTPs), conventional activated systems 

(CAS) systems and the modified-Ludzack–Ettinger (MLE) process are commonly used 

for the removal of organic matter and N through separate stages of nitrification and 

denitrification, while P is removed through chemicals addition or biologically with 

complex process configurations [124]. Hence, traditional approaches to N and P removal 

from wastewater typically require separate operating units, proper sludge disposal, and 

high management and operating costs [31,126]. The simultaneous nitrification and 

denitrification (SND) process, achieved by simultaneously performing nitrification and 

denitrification processes in a single reactor, offers several advantages, including lower 

capital and operating costs [233], reduced carbon requirements, and lower sludge 

production [122]. In particular, the successful removal of nutrients from wastewater has 

been observed in biofilm systems, overcoming the limitations associated with suspended 

culture systems due to higher organic and hydraulic loads [355], and also allowing the 

elimination of sludge recirculation by introducing more active biomass in the biofilm 

reactors [66].  

Starting from a comprehensive review of the state of the art in complete and shortcut 

SND, also coupled to P removal (SNDPR) (Chapter 1), the aim of this thesis was, firstly, 

to improve the understanding of these biological processes in moving bed biofilm reactors 

(MBBRs) through a modeling approach (Chapter 2) and, secondly, to propose a compact 

and cost-effective treatment solution for SND in a continuous (micro) aerobic granular 
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sludge (AGS) reactor (Chapter 3) coupled with a bioelectrochemical system (BES) as a 

post-treatment solution for wastewaters characterized by a low carbon to nitrogen (C/N) 

ratio (4.7) (Chapter 4).  

 

5.2. Operational and management strategies for improvement and scale-

up of the SND process in MBBR 

The MBBR technology harnesses the presence of biofilm attached to mobile carriers to 

enable SND processes, providing an innovative and efficient solution for municipal and 

industrial wastewater treatment [356]. Additionally, recent studies have demonstrated the 

feasibility of implementing operational strategies to enhance the growth of ammonia 

oxidizing bacteria (AOB) while inhibiting nitrite oxidizing bacteria (NOB), thus 

facilitating the adoption of the short-cut SND process. These strategies include 

maintaining high pH and temperature, regulating SRT, establishing optimal dissolved 

oxygen (DO) levels, and ensuring that free ammonia (FA) and free nitrous acid (FNA) 

concentrations are within ranges that suppress NOB activity. The development of SND 

processes in biofilm reactors has been accompanied by an increase in the focus on 

numerical analysis and biofilm modeling studies. Mathematical modeling can be a critical 

tool to support the experimental phase by predicting the performance of a process, aiding 

problem-solving, and improving plant design by providing different operating scenarios 

[226].  

From this perspective, Chapter 2 proposed the modeling with the BioWin software 6.0 of 

complete and shortcut SNDPR in lab-scale MBBRs based on data collected during two 

previous experimental campaigns. The calibrated and validated models presented in this 
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study satisfactorily reproduced the experimental data for all experimental campaigns and 

within the acceptance criteria, resulting in a suitable tool for predicting process efficiency. 

Moreover, the calibrated and validated data were used to test different DO ranges (0.6–

0.8 mg O2·L
−1), pH (6.5–9.0), and hydraulic retention times (HRTs) (0.5–1.0 d) to 

improve the short-cut SND efficiencies. Based on the different simulated scenarios, a DO 

concentration of 0.6 mg O2·L
−1 negatively affected AOBs activity, impacting on N-NH4

+ 

removal. Additionally, a DO value of 0.8 mg O2·L
−1 led to an overgrowth of NOBs, 

causing an increase in NO3
− and NO2

− concentrations. On the other hand, intermittent 

aeration (IA) (DO = 0.2-2.0 and 0.2-3.0 mg O2·L
-1) facilitated the implementation of the 

short-cut SNDPR process, resulting in maximum effluent N-NH4
+, N-NO3

− and N-NO2
− 

values below 5.5, 0.4, and 1.7 mg N∙L−1, respectively, in agreement with the literature 

[83,153,167]. Typically, a pH range of 7.5 to 8.5 is conducive to NO2
- accumulation 

[120]. As described in Chapter 2, selecting a pH value of 8.4 can be considered the most 

suitable option for achieving effective NOB inhibition and efficient N removal, resulting 

in average effluent concentrations of N-NH4
+, N-NO3

−, and N-NO2
− at 2.6, 0.04, and 0.5 

mg N∙L−1, respectively. In addition, changes in HRT can significantly affect the inhibition 

of NOBs [357]. Also, the mathematical modeling discussed in Chapter 2 allowed a 

detailed examination of biomass trends within the biofilm under different HRTs. 

Specifically, the maximum reduction in the AOB biomass occurred when the HRT was 

set at 0.5 d, reaching a value of 0.01 g by the end of the simulation period. Moreover, 

compared to the results obtained with an HRT of 1 d, a reduction to 0.9 d resulted in an 

increased inhibition of NOB, with average concentrations of N-NH4
+, N-NO3

- and N-

NO2
- of 4.0, 0.02, and 0.07 mg·L-1, respectively, suggesting favorable conditions for the 

SND process.  
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Both full-scale and pilot-scale studies are required to gain a thorough understanding of 

the operating costs associated with microaerobic conditions and to gain insight into the 

effects of scaling and the use of real wastewater on carbon and nutrient removal. At 

present, pilot- and real-scale studies of the SND process in MBBR have not been yet 

undertaken but experiments by our research group in this direction are ongoing. To fill 

this gap, it would be advisable to explore the use of mathematical modeling to simulate 

the process on a real scale, carefully examining the different removal efficiencies under 

different operating conditions that have already been studied at the laboratory scale. In 

addition, the mathematical modeling using the BioWin software makes possible to 

analyze in detail the energy consumption of each phase, quantifying the time trends of 

the total power consumed and of each energy-intensive system, such as blowers, mixers, 

pumps, and mechanical equipment, which are essential for the proper functioning of the 

plant. 

 

5.3. Operational and management strategies for improvement and the 

scale-up of the SND process with AGS 

The mechanisms of the SND process are those being mainly associated with N removal 

in AGS systems [92], although an analysis of literature data has shown that the reported 

total nitrogen (TN) efficiencies for these systems at the laboratory scale are highly 

variable [193,358,359]. Chapter 3 explores the (micro)aerobic removal of C and N from 

synthetic municipal wastewater. This investigation involved a continuous double-column 

UAGSB system, with variations in reactor operating conditions, including different DO 

ranges (0.01-6.00 mg·L-1), feed C/N ratios (4.7-13.6), and HRTs (6-24 h). 
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Specifically, the decrease of the C/N ratio from 7.0 up to 4.7 led to insufficient organic C 

to support denitrification, resulting in an effluent N-NO3
- concentration of 31.1 ± 4.1 mg 

N·L-1, which represents the main limiting factor in the denitrification process [360]. 

Reducing the HRT from 12 to 6 h resulted in a decrease in reactor performance and 

significant accumulation of N-NH4
+ in the effluent due to insufficient contact time 

between pollutants and microorganisms [67]. At a DO range of 0.01–0.30 mg·L−1, feed 

C/N ratio of 13.6, and HRT of 24 h, the UAGSB achieved the highest chemical oxygen 

demand (COD), N-NH4
+, and total inorganic nitrogen (TIN) REs of 86, 99, and 84 %, 

respectively, which makes the UAGSB system a highly promising and effective 

alternative for the removal of C and N from wastewater.  

A notable drawback identified in the process was the exceeding the Italian standard (D. 

Lgs. 152/2006, Annex V, Part III) for industrial wastewater discharge into sewers, 

specifically in terms of NO3
- and NO2

- effluent concentrations, under certain operating 

conditions. Consequently, to improve the efficiency of the process, implementing post-

treatment measures is essential to bring these residual concentrations below regulatory 

standards. For instance, future studies could include the development of algae-bacteria 

symbiotic granules to reduce residual N-NO3
- and N-NO2

-concentrations and exploit the 

benefits of photo-oxygenation to minimize aeration costs of wastewater treatment plants 

[191,361]. In particular, the aeration column associated with the UAGSB reactor (Figure 

3.1, Chapter 3) could be replaced by an algal biomass reactor (Figure 5.1). This reactor 

could receive the effluent from the bioreactor and serve the dual purpose of oxygenating 

the effluent while reducing excess residual N-NO3
- and N-NO2

- concentrations. 
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Figure 5.1. Hypothetic schematics of the symbiotic microalgae reactor-UAGSB process. 

In addition, the implementation of this technology at pilot- and full-scale would allow a 

more accurate assessment of the influence of the composition of the feed effluent on the 

removal of C and N, the stability of the granules, and the associated operating costs. 

Although the full-scale AGS process in sequencing batch reactors (SBR) has been 

patented with the Nereda® process [189], there is a strong need for research on 

continuously-fed AGS reactors to test different strategies to facilitate granulation, such 

as substrate composition, organic loading rate, hydrodynamic shear force, feast-famine 

regime, feeding strategy, DO concentration, reactor configuration [192], which have only 

been studied on a laboratory scale using synthetic wastewater [362]. Specifically, it would 

be interesting to assess the applicability of continuous AGS systems in existing full-scale 

plants, monitoring the evolution of the granulation process over time by calculating the 

main chemical (i.e., protein/carbohydrate ratio of extracellular polymeric substances 

(EPS)), kinetic and stoichiometric (i.e., biomass growth rate of heterotrophic (µH) and 
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autotrophic biomass (µaut.) and heterotrophic biomass yield (YH)) parameters 

characterizing the biomass present.  

 

5.4. Strategies to improve the applicability of BES for C, N, and P 

removal from wastewater 

Based on the results of Chapter 3, it seemed interesting to investigate the feasibility of a 

double two-chamber bioelectrochemical system (BES) consisting of anode and cathode 

chambers separated by a cation-exchange membrane, as a possible integrated reactor to 

be coupled to the UAGSB to remove the residual fraction of NO3
- from the UAGSB 

effluent. A synthetic wastewater with a low C/N ratio of 4.7 was used (Chapter 4). The 

obtained results showed complete removal of N-NO3
- and N-NO2

-
 by the BES at an HRT 

of 2 h after 6 days of biomass acclimatization.  Furthermore, the research showed that 

while heterotrophic denitrification was dominant, the use of H2 as the sole electron donor 

resulted in N-NO3
- and N-NO2

-concentrations consistently below the Italian standard (D. 

Lgs. 152/2006, Annex V, Part III) for industrial wastewater discharge into sewers. 

Therefore, given the considerable variability in the feed organic concentrations, 

integrating autotrophic and heterotrophic denitrification within the same system could 

ensure consistently high removal efficiencies. 

Regarding the energy needed, a specific energy consumption of 2.3·10-2 and 9.6·10-5 

kWh·g NOxremoved
-1 was reported for reactor 1 (R1) and 2 (R2), respectively, 

demonstrating the effectiveness of the method. However, although BES is an emerging 

treatment technology that allows the simultaneous treatment of wastewater and recovery 

of resources such as energy, nutrients, and value-added organic matter, the technical and 
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economic feasibility of this technology for wastewater treatment requires extensive 

research and demonstration through the implementation of pilot scale systems, taking into 

account the type of wastewater, the operating environment and the stability of 

performance during long-term operation [363]. At present, there are several barriers that 

limit the use of electrochemical technologies, including the short life of electrode 

materials, high operating costs, electrode stability and low current efficiency. However, 

coupling wastewater treatment plants with electrochemical technologies could increase 

energy recovery to the point where energy self-sufficiency is achieved and greenhouse 

gas emissions are reduced [364]. 
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